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Water clarity is a key indicator of the ecosystem health in the Chesapeake Bay. Estuarine 
water clarity fluctuates due to external inputs from the watershed as well as processes 
occurring within the estuary itself, such as sediment resuspension and organic matter 
production. Therefore, water clarity requires study at multiple spatial and temporal scales 
and with multiple metrics. One local-scale process potentially influencing water clarity is 
shellfish aquaculture. One part of this dissertation examined how water quality and 
hydrodynamics varied among oyster farms as well as inside versus outside the extent of 
caged areas located in southern Chesapeake Bay. Current speed and water quality were 
measured within and adjacent to four oyster farms during two seasons. Results revealed 
minor effects of oyster farms on water quality, likely due to high background variability, 
relatively high flushing rates, relatively low oyster density, and small farm footprints. 
Minimal impacts overall suggest that low-density oyster farms located in adequately-
flushed areas are unlikely to negatively impact local water quality. At a larger spatial 
scale, another potential influence on water clarity is shoreline erosion. The second part of 
this dissertation examined the impact of shoreline erosion on water clarity via a 
numerical modeling study. Experiments were conducted to simulate realistic shoreline 
conditions representative of the early 2000s, increased shoreline erosion, and highly 
armored shorelines. Together, reduced shoreline erosion and the corresponding low 
seabed resuspension resulted in decreased concentrations of inorganic particles in surface 
waters, improving water clarity overall. However, clearer waters relaxed light limitation 
on phytoplankton, which often increased organic matter production, sometimes yielding 
opposite effects on water clarity according to different metrics. Clarity improved in mid-
Bay central channel waters in terms of light attenuation depth, but simultaneously 
degraded in terms of Secchi depth because the resulting increase in organic matter 
decreased the water’s transparency.  A final water clarity process considered was the 
long-term trend in water clarity from satellite remote sensing. The third part of this 
dissertation examined how remote sensing reflectance changed over time in Chesapeake 
Bay from 2002 to 2020 using the Moderate Resolution Imaging Spectroradiometer 
(MODIS) instrument on satellite Aqua. MODIS-Aqua remote sensing reflectance trends 
were evaluated from 2002 to 2020 at multiple wavelengths and spatial resolutions for 
surface waters of the Chesapeake Bay. Trends showed long-term decreasing reflectance 
in the upper estuary yet increasing reflectance in the lower estuary in the green 
wavelengths. Band ratios involving red-to-green and red-to-blue have decreased, 
suggesting improved water clarity, while green-to-blue ratios have increased over time, 
suggesting increasing contribution of phytoplankton to water cloudiness. Reflectance 
change over time relates well to observed decreases in total suspended solids and light 
attenuation, yet inconclusive trends in chlorophyll-a, suggesting a long-term change in 
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Water clarity governs light availability, a key driver of biogeochemical processes 
in aquatic ecosystems. In estuaries, light penetration to depth serves as one metric for the 
recovery of estuarine health from past degraded conditions. In the Chesapeake Bay, the 
largest estuary in the continental U.S., ecosystem health has experienced severe 
degradation and recent recovery, yet the trends among different water clarity metrics are 
inconsistent. Therefore, water clarity conditions in this estuary require investigation at 
local and regional scales and examination over the short-term and the long-term using 
multiple approaches. This dissertation uses in situ observations, numerical models, and 
remote sensing data to answer research questions about distinct factors that influence 
Chesapeake Bay water clarity at multiple scales. In this work, the first research chapter 
describes an observational analysis of operating commercial oyster farms where 
aquaculture-environment interactions were investigated by monitoring water quality, 
including water clarity. The next research chapter uses modeling experiments to infer the 
potential outcomes of reduced shoreline erosion for water clarity in the Chesapeake Bay 
at the scale of the entire estuary. The third research chapter examines long-term trends in 
satellite remote sensing reflectance. Finally, the concluding chapter provides a synthesis 
of different theories on long-term trends in Chesapeake Bay water clarity, summarizes 
the dissertation themes across spatial and temporal scales, and offers suggestions for 
future work. 
This introductory chapter defines and explains the main themes of the dissertation 
and how they weave together the scientific approach and the broader implications of this 
research. The objectives of this chapter are to summarize the importance of water clarity, 
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define the techniques for quantifying water clarity used in this dissertation, and deliver 
relevant background information on water clarity in the context of the Chesapeake Bay 
estuarine system. 
 
2. Motivation: the importance of water clarity 
Water clarity has important implications for coastal and inland waters worldwide 
for people, including governing ecosystem health in deep-water pelagic systems as well 
as shallow-water neritic systems. Furthermore, water clarity holds intrinsic aesthetic 
values relevant to recreation and property values as well as practical importance for 
operational purposes where a target must be visible from above or within water. 
2.1 Driver of ecosystem health 
Light is a key factor controlling the state of the water column temperature, 
biology, and chemistry. In estuaries, solar radiation can cause greater surface heating in 
turbid waters, increasing temperature-driven stratification (Kim et al., 2020). 
Phytoplankton and zooplankton distributions and community composition are governed 
by light availability in the water column. Globally, changes in light penetration to depth 
mean changes in carbon export to depth, and changes in carbon export from estuaries and 
coastal waters to the open ocean. Light is fundamental to aquatic photosynthesis: 
Michaelis-Menten kinetics for phytoplankton show that photosynthesis is driven by light 
along with nutrients (Jassby and Platt, 1976; Michaelis and Menten, 1913). Primary 
production models are applicable to global oceans when they are normalized to water 
column optical depth (Behrenfeld and Falkowski, 1997). Similarly, compensation depth 
(the depth at which net organic matter production changes to net respiration) in the 
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world’s oceans is driven by light penetration as well as nutrient concentration (Lalli and 
Parsons, 1997). In estuaries, phytoplankton communities exhibit more stable growth rates 
and improved physiological health when more light is available (Buchanan, 2020). 
Zooplankton diel migration behaviors are controlled by light (Gibson et al., 2016). In 
temperate and polar regions, photoperiod is a critical cue for zooplankton to emerge from 
seasonal diapause (Stross, 1966). Fish and zooplankton feeding behaviors are mediated 
by light because water clarity impacts their visual foraging efficiency (Aksnes, 2007; 
Aksnes et al., 2004). Predation on lower trophic levels is controlled in part by water 
clarity, for predatory fish via their reactive length scale (Benfield and Minello, 1996; 
Reustle and Smee, 2020) and even for seabird foraging behavior (Baptist and Leopold, 
2010). Therefore, a change in water clarity impacts phytoplankton health, primary 
production, zooplankton processes, and interactions between trophic levels.  
In shallow estuarine environments, light availability additionally drives ecosystem 
health for benthic systems such as seagrass meadows and shallow areas used for oyster 
farms and oyster reefs. Submerged aquatic vegetation (SAV) provides critical habitat for 
juvenile crustaceans and fish in estuarine and coastal waters < 2 meters deep with low 
wave action and sufficient light. The distribution of SAV meadows is limited, in large 
part, by the availability of light reaching the plants in order to perform photosynthesis, 
grow, and reproduce successfully (Moore and Short, 2007).  In a positive feedback loop, 
SAV beds in turn enhance water clarity by nutrient uptake and seabed stabilization 
(Moore, 2004).  Even in the face of climate change, light availability due to water quality 
is a central driver of SAV health and success (Zimmerman et al., 2015) and an important 
index of their habitat quality (Tango and Batiuk, 2013).  Recent restoration efforts in 
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locations with high water clarity have successfully increased SAV acreage (Orth et al., 
2020, 2006). SAV meadows provide important habitats for juvenile striped bass and blue 
crabs, both important commercial fisheries in the region (Jones, 2014; Peterson et al., 
2000; Schaffler et al., 2013; Smith, 2016). Light and turbidity also affect the health of 
oyster reefs, as extreme sediment loading and excessive sediments can bury reefs and 
slow oyster filter feeding (Beck et al., 2011; Gernez et al., 2014; Luckenbach et al., 
1999). Additionally, clear water enhances predation by large fishes on mesopredators 
such as crabs and changes mesopredators’ behavior, benefiting bivalves by relieving 
predation pressure (Lunt and Smee, 2014). Lastly, with sufficient light, benthic 
microalgae (i.e., microphytobenthos) can develop in aerobic conditions with sufficient 
light, stabilizing seabed sediments and even potentially fixing N2 if comprised of 
cyanobacteria (Newell et al., 2002). In summary, benthic ecosystems in shallow-water 
environments are governed in large part by water clarity. 
2.2 Value for recreation, waterfront property, and operations 
Water clarity is valuable in terms of human perceptions of aesthetics and in the 
context of recreational activities. In rivers, lakes, and coastal waters, public perceptions 
of water quality are largely determined by the color and clarity of water. People naturally 
prefer blue-green over yellow-brown colored water, and clarity is the dominant influence 
on human perceptions of water quality, recreational safety, and overall environmental 
health (West et al., 2016).  Secchi depth has strong relationships with perceived 
swimmability, recreational value, and aesthetic appeal (Angradi et al., 2018; Völker and 
Kistemann, 2011) as well as the intensity of use for swimming and perceived quality of 
recreational experience for other aquatic activities (Vant and Davies-Colley, 1988). For 
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example, tourists visiting the Great Barrier Reef were willing to pay to improve the water 
clarity conditions because of perceived importance and recreational satisfaction (Farr et 
al., 2016).  
 Furthermore, water clarity influences waterfront property values. In estuaries, as 
in lakes, economic hedonic studies show that waterfront property values are strongly 
influenced by water clarity (Moore et al., 2020). For example, in the Maryland portion of 
Chesapeake Bay, waterfront property values were strongly correlated with water clarity 
as measured by the diffuse light attenuation coefficient (Kd) (Klemick et al., 2018; Walsh 
et al., 2017). In a United States meta-analysis using Secchi depth, Kd, total suspended 
solids (TSS), and turbidity in lakes, rivers, and estuaries, a 1% improvement in water 
clarity increased property values by up to 10% (Corona et al., 2020). Clarity-influenced 
waterfront property values can become more complicated when coastal industries are 
incorporated. Oyster leases are often located in areas with high water clarity by grower 
selection, and thus lease location is quantitatively related to Kd, influencing the valuation 
of property in an even more complex way (Stump, 2019). Overall, clearer waters 
correspond with higher property values. 
Water clarity holds great worth for any operational purpose that requires 
visualizing targets underwater, either from above or in water. These applications include 
mapping and military operations, and detection of illegal and derelict fishing gear such as 
crab traps from airborne sensors and drones (Bloom et al., 2019). Mapping of shallow-
water features such as oyster reefs (Hogan and Reidenbach, 2019) and seagrass beds 
(Coffer et al., 2020) depends on having clear enough water for those features to be visible 
to the remote sensor in optically shallow water. Similarly, detection and counting of 
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large, higher trophic level animals such as fishes, elasmobranchs (Oleksyn et al., 2021), 
and marine mammals (Contarino et al., 2010) using aircraft and drone relies on high 
water clarity, especially in coastal waters. In terms of operational applications for defense 
and security, water clarity and visibility are important for the detection of underwater 
objects (Duntley and Preisendorfer, 1952) such as submarine vessels and mines in the 
seabed (Austin and Taylor, 1963; Smart, 2004). Clarity in terms of visibility for humans, 
known as the photopic beam attenuation coefficient (Zaneveld and Pegau, 2003), is 
critical for dive operations and security measures in ports and harbors (Trees et al., 2005). 
Overall, human valuation of water clarity covers a wide range of concepts from 
aesthetics, recreation, and property values to mapping, defense, and security. 
 
3. Chesapeake Bay historical water clarity degradation and recent improvement 
Human settlement of the watershed triggered dramatic sediment loading to the 
Chesapeake Bay over past centuries, from precolonial maize farming (Stinchcomb et al., 
2011) to massive land clearing for agriculture throughout the 1700s and 1800s (Brush, 
1984; Curtin et al., 2001; Kemp et al., 2005; Meybeck, 1998; Smith et al., 2003). 
Increased use of fertilizers and mechanized tractors continued the increase of nutrient 
inputs to the Bay in the 1900s (Nixon, 1995; Williams, 1992; Wines, 1985). Sediment 
cores show records of an increasing flux of organic matter, rising turbidity, and enhanced 
hypoxia from the early 1800s through the twentieth century (Adelson et al., 2001; 
Colman and Bratton, 2003; Cooper, 1995; Cronin and Vann, 2003; Karlsen et al., 2000; 
Zimmerman and Canuel, 2002, 2000). Increased sediment supply was documented by the 
lateral expansion of marshes and increased sedimentation rate in the tributaries and 
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mainstem Bay (Cooper and Brush, 1993; Hilgartner, 1995; Pasternack et al., 2001). In the 
past 50 years, one of the first apparent casualties of degraded water clarity was SAV, 
which experienced a decline from the 1950s to 1980s (Orth and Moore, 1983). Water 
clarity degradation was still observed decades later in terms of shallowed Secchi depth 
and increased chlorophyll-a concentration (Chl-a) from the 1950s to 2000s (Gallegos et 
al., 2011; Harding et al., 2016; Testa et al., 2019; Williams et al., 2010). In summary, 
human alteration of the Chesapeake Bay region has historically been, and still remains, a 
central driver of water quality and water clarity trends over time. 
Management of the Bay and its resources is carried out through a pollution diet 
defined as Total Maximum Daily Loads (TMDLs) of nutrients and sediments from the 
watershed (Shenk and Linker, 2013). Bay watershed states encourage Best Management 
Practices (BMPs) which credit land users with reducing those loads, including land-use 
actions such as riparian buffers and improved agricultural practices (Talberth et al., 
2015), and recently, oyster aquaculture (Mykoniatis and Ready, 2020; Sisson et al., 
2011). For evaluation of overall Bay health, three criteria variables are used to assess the 
recovery of the Bay from past degraded conditions: oxygen, Chl-a, and “clarity.” The 
water clarity standard is quantified for shallow waters only, using a combination of 
current seagrass acreage and/or the seasonally averaged light availability to the bottom 
(Tango and Batiuk, 2013). Compared with oxygen and Chl-a, the assessment of water 
clarity is the most complex of the evaluation metrics, firstly because clarity is driven by 
both watershed inputs and estuarine processes, and secondly because clarity can be 
measured with multiple metrics whose long-term trends do not necessarily align with one 
another.  Additionally, the comprehensive quantification of historical SAV distribution 
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throughout the Bay which has been adopted as the single “designated use” or goal for 
improvements in shallow habitat water clarity, allows for the attainment of either bay 
segment specific, water clarity or the SAV designated use acreage to meet the state and 
federal “water clarity” standards (Tango and Batiuk 2013).  Fortunately, seagrasses have 
shown recovery from the 1980s to 2010s (Lefcheck et al., 2018; Zhang et al., 2018). 
Mainstem Chesapeake Bay Kd and TSS show improved clarity from the 1980s to 2010s 
(CBP, 2021a). However, Secchi depth has continued to shallow and Chl-a has continued 
to increase (Harding et al., 2016; Testa et al., 2019; Williams et al., 2010). Gaps exist in 
our knowledge of why water clarity according to some metrics has been slower to catch 
up with nutrient reductions and general improvements in ecosystem health, and why the 
trends are inconsistent depending on which water clarity metrics are used.  
 
4. General approach: quantifying water clarity 
Water clarity can be quantified using approaches which can vary in both time and 
space such with in situ sampling, mechanistic models, or remotely sensed via satellite. 
All three approaches are used in this dissertation, and water clarity in all cases is 
influenced by how much light is scattered and absorbed by the materials present in the 
water. In situ, there are numerous ways to measure water clarity. For this body of work, 
in situ variables include concentration-based metrics such as Chl-a and suspended solids, 
as well as general metrics which are not based solely on concentrations, such as Kd, 
Secchi depth, turbidity, and remote sensing reflectance (Table 1). In addition, clarity is 
estimated from modeled concentrations of inorganic and organic suspended solids, as 
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well as salinity. Furthermore, clarity is estimated from remote sensing reflectance values 
measured by satellite over the past two decades.  
Light is attenuated in water when it is scattered and absorbed by the optically-
active constituents in a given water body. Four main constituents scatter and absorb light:  
pure water itself, dissolved substances, chlorophyll and other algal pigments, and 
suspended particles. Pure water and dissolved substances absorb light in the red and blue 
wavelengths, respectively. In pure water, absorption occurs strongly in the red 
wavelengths and scattering occurs in the blue wavelengths as a result of the physical 
properties of water molecules themselves (Pope and Fry, 1997). Colored dissolved 
organic matter (CDOM), on the other hand, absorbs light strongly in the blue, and light 
scattering by CDOM is negligible (Kirk, 1994). CDOM fluoresces in the green-to-red 
wavelengths when excited by ultraviolet-to-blue light (Hawes, 1992).  
Algal cells contribute to both absorption and scattering. Chlorophyll and other 
algal pigments absorb light and fluoresce at certain pigment-dependent wavelengths. For 
example, chlorophylls, carotenoids, and phycobilins exhibit different absorption and 
fluorescence curves (Bidigare et al., 1990). Most phytoplankton communities absorb light 
strongly in the blue and red wavelengths, yet they scatter across all wavelengths, with 
scattering occurring more strongly in the blue (Vaillancourt et al., 2004). The spectral 
pattern of phytoplankton scattering generally follows a power law function but depends 
on many other factors, such as particle size, composition, density, and shape (Bowers et 
al., 2011; Kostadinov et al., 2009).  
Particles can absorb and scatter light, but contribute most strongly to light 
scattering. Particles, measured by mass as TSS, are operationally defined as anything that 
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can be captured on a filter (above 0.2 or 0.7 µm), including phytoplankton cells, detritus, 
mineral sediment grains, and aggregates of varying composition. TSS can also be 
considered as the sum of algal (pigmented phytoplankton cells) and non-algal particles 
(detritus, minerals, non-pigmented cells, and aggregates). The absorption of non-algal 
particles follows a power law function with shallower slope but similar shape as the 
absorption curve of CDOM.; however, the spectral variation in particulate scattering is 
relatively small (Babin et al., 2003). Even in clear open-ocean waters, light is attenuated 
by phytoplankton cells and particles at low concentrations (Morel and Prieur, 1977). In 
the Chesapeake Bay, estuarine waters are defined as optically complex because of the 
combined contributions of CDOM, phytoplankton, and particulate matter, all coexisting 
at high concentrations relative to the open ocean (Tzortziou et al., 2007; Wang et al., 
2009; Werdell et al., 2009; Woodruff et al., 1999). Together, water itself, CDOM, 
phytoplankton pigments, and particles attenuate light differently and govern the clarity of 
water. 
Water clarity can be evaluated in situ using many methods, and in situ water 
clarity is quantified differently for each chapter of this dissertation. At oyster farms, 
water clarity is evaluated using Chl-a concentration and turbidity (Chapter 2). In situ 
measurements of the light attenuation depth (Kd-1), Secchi depth, and suspended solids 
from the Environmental Protection Agency’s Chesapeake Bay Program (CBP, 2021b) are 
used to evaluate the hydrodynamic-biogeochemical model Reference Run (Chapter 3).  In 
situ remote sensing reflectance (Rrs) spectra from the NASA SeaBASS data repository 
(Werdell et al., 2003; Werdell and Bailey, 2002) are used to validate satellite-derived Rrs 
values used to study long-term trends (Chapter 4).  
 
 13 
Water clarity can be estimated in coupled physical-biogeochemical models by 
incorporating specific biology and sediment modules that typically compute light 
attenuation as a function of suspended particulates. In the modeling system used in this 
dissertation, water clarity in terms of Kd is modeled as a regionally-tuned function of 
simulated TSS concentrations and salinity. Salinity in the Kd equation is used as a proxy 
for CDOM (Fall et al., 2020; Feng et al., 2015; Xu et al., 2005), because CDOM is 
strongly negatively correlated to salinity in estuaries, with low salinity waters from rivers 
contain higher concentrations of dissolved organic substances (Xu et al., 2005; Rochelle-
Newall and Fisher, 2002). The solar radiation reaching the water surface is provided by 
external atmospheric forcing, and the light in each model level below the surface is 
computed using the Kd formulation. Additionally, in analyzing model results, water 
clarity in terms of Secchi depth is modeled as an empirical function of organic suspended 
solids and Kd (Chapter 3). 
Water clarity can also be estimated using satellite remote sensing. Multispectral 
satellite sensors for ocean color measure the radiation emanating from earth’s surface, or 
reflectance, in a series of bands centered on different wavelengths in the visible, infrared, 
and microwave portions of the electromagnetic spectrum. Water clarity variables that 
correspond to in situ measurements – such as Chl-a and TSS – can be estimated from 
satellites based on the reflectance values at specific bands and/or the relationships 
between two or more reflectance values, i.e., band ratios. These reflectance values and 
band ratios are compared to in situ measurements of target variables to develop empirical 
equations to be used under pre-defined conditions, i.e., algorithms. With applications to 
Chesapeake Bay, researchers have used data from multiple satellite missions with 
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different spectral, spatial, temporal, and radiometric resolutions to characterize the Bay 
from space from the 1970s to present (see Chapter 4). This dissertation focuses on trends 
in Rrs values rather than trends in the variables estimated from algorithms, because the 
uncertainties for derived variables in optically complex waters are much greater than the 
uncertainties associated with satellite-measured Rrs (Zheng and DiGiacomo, 2017). 
 
5. Dissertation objectives and structure 
Different chapters of this dissertation use different metrics to answer specific 
questions surrounding water clarity.  At oyster aquaculture sites, turbidity and Chl-a were 
used to quantify effects of farms on their surrounding environments (Chapter 2). 
Turbidity and Chl-a sensors were most practical for estimating water clarity within and 
outside of the caged grow out areas. In addition, Kd, Secchi depth, and suspended solids 
were measured at oyster aquaculture sites at a small number of locations within and 
outside of farms (Chapter 2). To test the effects of shoreline hardening on water clarity 
throughout the Bay, a 3-D hydrodynamic-biogeochemical numerical model was used that 
generated estimates of both light attenuation depth (Kd-1) and Secchi depth. These metrics 
were compared between scenarios to study the effects of reduced shoreline erosion on 
clarity (Chapter 3). Furthermore, in order to examine long-term trends, remote sensing 
reflectance (Rrs) was investigated using satellite data from 2003-2020 including single 
Rrs bands and band ratios relevant to water clarity algorithms (Chapter 4).  The 
conclusions chapter (Chapter 5) compares theories regarding long-term clarity trends, 
considers clarity themes across spatial and temporal scales, and suggests areas where 
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Minimal effects of oyster aquaculture on local water quality:  





As the oyster aquaculture industry grows and becomes incorporated into 
management practices, it is important to understand its effects on local environments. 
This study investigated how water quality and hydrodynamics varied among farms as 
well as inside versus outside the extent of caged grow-out areas located in southern 
Chesapeake Bay. Current speed and water quality variables (chlorophyll-a fluorescence, 
turbidity, and dissolved oxygen) were measured along multiple transects within and 
adjacent to four oyster farms during two seasons. At the scale of individual aquaculture 
sites, we were able to detect statistically significant differences in current speed and water 
quality variables between the areas inside and outside the farms. However, the 
magnitudes of the water quality differences were minor. Differences between sites and 
between seasons for water quality variables were typically an order of magnitude greater 
than those observed within each site (i.e., inside and outside the farm footprint). The 
relatively small effect of the presence of oysters on water quality is likely attributable to a 
combination of high background variability, relatively high flushing rates, relatively low 
oyster density, and small farm footprints. Minimal impacts overall suggest that low-
density oyster farms located in adequately-flushed areas are unlikely to negatively impact 
local water quality.  
 
1. Introduction  
Shellfish aquaculture is an important and rapidly growing industry with 
opportunity for continued expansion worldwide (Gentry et al., 2017). In global food 
production, cultured bivalves have a low environmental impact per gram of protein 
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produced, compared with finfish aquaculture, most capture fisheries, and terrestrial 
livestock (Hilborn et al., 2018). In the U.S., oysters are the largest grossing marine 
species group for U.S. aquaculture, valued at $192 million in 2016 (NMFS, 2018). On the 
Atlantic coast of the U.S., shellfish aquaculture growth and expansion can be 
controversial. Growers focus on the potential environmental benefits of aquaculture and 
its contribution to sustainable food production, while other stakeholders voice concern 
over viewshed, navigation, and possible negative water quality and sediment impacts.  
Chesapeake Bay serves as a relevant regional example of shellfish aquaculture 
development amid controversy, as oyster aquaculture is an important part of the 
Chesapeake Bay economy and is becoming integrated into watershed management 
practices. In 2017 alone, intensive Virginia oyster aquaculture contributed approximately 
$14.5 million to the state’s economy (Hudson, 2018), including ~130 working jobs in 
rural areas. In an era of declining wild populations (Beck et al., 2011; Wilberg et al., 
2011) and expanding but costly reef restoration (Coen et al., 2007; Hernández et al., 
2018; Mann and Powell, 2007), farmed oyster production is becoming increasingly 
important. Additionally, oyster aquaculture has been partially approved as an alternative 
management practice for nutrient reduction in the Chesapeake Bay region (Smedinghoff, 
2017). As this industry grows and integrates into management, stakeholders need a 
greater understanding of farms’ benefits and impacts on local ecosystems.  
Water quality can be improved by oyster filtration. Oysters filter sediments, 
detritus, small phytoplankton, and particulate-bound nitrogen and phosphorus from 
estuarine waters (Bayne and Newell, 1983; Newell and Langdon, 1996; Ward and 
Shumway, 2004). On average, one Crassostrea virginica individual market-sized oyster 
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(~1 gram dry weight) can filter approximately 6.8 liters/hour, up to 163 liters/day in the 
summer at 20˚C (Riisgard, 1988). The eastern oyster has the ability to ingest tiny 
particles (~2–38 μm) and selectively choose food particles (Haven and Morales-Alamo, 
1970, 1966; Holyoke, 2008; Newell and Jordan, 1983; Palmer and Williams, 1980; 
Ribelin and Collier, 1977; Riisgard, 1988; Ward and Shumway, 2004). When oyster 
filtration is added to small-scale ecosystem models and largescale hydrodynamic models, 
results include clearer water, deeper light penetration, and greater light availability to 
submerged aquatic vegetation (Cerco and Noel, 2007; North et al., 2010).  
Water quality can also be degraded by oysters. Oysters directly release ammonia 
into the water column via excretion, sometimes in substantial quantities (Burkholder and 
Shumway, 2011; Ray et al., 2015). Excretion of ammonia by oysters is of concern 
because it can boost the local growth and regeneration of phytoplankton (Pietros and 
Rice, 2003), potentially enhancing eutrophication in summer. However, the flux of 
ammonia from oyster excretion to the water column has been found to be minor 
compared with the flux of nutrients released from oyster-associated sediments, especially 
sediments experiencing organic matter loading from oyster fecal production (Boucher 
and Boucher-Rodoni, 1988; Dame et al., 1992; Newell et al., 2002; Ray et al., 2015). 
Farming oysters in high densities also introduces the potential for organic enrichment of 
the benthos (Cranford et al., 2009). Through production of two kinds of biodeposits, 
feces and pseudofeces, oysters can increase deposition of organic particles to the seafloor 
(Pietros and Rice, 2003). High volumes of biodeposits were measured at some Japanese 
and European oyster farms with high culture densities, causing sediment organic 
enrichment and oxygen depletion (Castel et al., 1989; Dahlbäck and Gunnarsson, 1981; 
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Hayakawa et al., 2001; Ito and Imai, 1955; Kusuki, 1981; Tenore et al., 1982), likely due 
to farms’ poorly flushed locations (Kaiser, 2001).  
Oyster aquaculture has the potential to alter hydrodynamic flow due to the 
position, size, and density of shellfish aquaculture gear. For example, current speed was 
found to be slower within many types of aquaculture operations, including scallop-kelp 
farms in China (Grant and Bacher, 2001), floating scallop farms in Nova Scotia, Canada 
(Pilditch et al., 2001), mussel farms in New Zealand (Gibbs et al., 1991; Plew, 2011), and 
mussel raft culture in South Africa (Boyd and Heasman, 1998; Grant et al., 1998). In 
marine research using other structures of comparable size to the oyster cages in this 
study, such as clam pens and predator exclusion cages, currents were slowed to the point 
where sediment deposition was increased (Coen et al., 2000; Virnstein, 1978). 
Hydrodynamic effects in general depend on the porosity of the cage or gear, the spacing 
of the gear, and the location of the gear in the water column (Forrest et al., 2009).  
This study fills gaps in knowledge of aquaculture impacts by quantifying water 
quality effects in situ at multiple operating commercial farms with different spatial scales 
and gear types. To date, the few in situ field efforts to measure water quality at 
operational oyster farms have taken place in regions with exposed coastlines and 
relatively sparse human populations, for example, eastern Nova Scotia, Canada, and rural 
southwestern Australia (Crawford et al., 2003; Pilditch et al., 2001). In contrast, the 
Chesapeake Bay watershed is home to over 18 million people (CBP, 2019) and has a 
history of human land use change resulting in estuarine eutrophication (Kemp et al., 
2005). Compared with aquaculture in other regions, oyster aquaculture in the Chesapeake 
Bay is not only an economic concern, but a watershed management concern and work is 
 
 29 
needed to quantify the impacts of oyster aquaculture in this region. Many past studies of 
oyster aquaculture have focused on laboratory, mesocosm, and modeling studies (Duarte 
et al., 2008; Ferreira et al., 2007; Grant and Bacher, 2001; Grant and Filgueira, 2011; 
North et al., 2010; Pietros and Rice, 2003; Porter et al., 2018; Testa et al., 2015). The 
present study builds upon past work by focusing on the in situ effects of the oyster farms 
and by sampling at four operating commercial farms differing in the type of gear used 
(floating and bottom cages), their spatial scales, and the number of oysters produced 
annually.  
The main objective of this study was to examine four operating commercial 
aquaculture sites and quantify the positive or negative impacts of farms on the local water 
quality. A secondary objective was to broadly quantify the amount of potential filtration 
by oysters, in terms of total volume of water, in order to provide additional context for 
our results. This study hypothesized that water quality within the area containing cages 
(hereafter “inside”) would be significantly different from water quality outside of the 
extent of the cages (hereafter “outside”).  
 
2. Methods  
2.1. Study sites  
Data were collected at four commercial oyster aquaculture sites in the 
southwestern portion of Chesapeake Bay (Figure 1). From north to south, the sites 
included Windmill Point (37.622 N, -76.279 W), Bland Point (37.534 N, -76.359 W), 
Monday Creek (37.263 N, -76.389 W), and Broad Bay (36.895 N, -76.023 W). Two of 
the farms used floating cages, and the other two used bottom cages (Table 1). All four 
 
 30 
sites were visited in summer 2017, and the two largest sites Windmill Point and Broad 
Bay were sampled again in fall 2017. Permission to access the aquaculture sites was 
given directly by growers.  
Aquaculture sites differed in environmental setting but were similar in depth and 
salinity. The two northern sites were located in areas with greater fetch near deeper, 
wider channels than the two southern sites. Windmill Point was situated at the end of a 
peninsula exposed to the mainstem of the Chesapeake Bay. Bland Point lay in a broad 
open area near the mouth of the Piankatank River. Both Monday Creek and Broad Bay 
were located in more protected inlets. All sites had mesohaline salinities (ranging from 
15–22 psu) and mean water depths of ~1 m (ranging from 0.5 to 2 m depending on 
distance from shore and tidal stage).  
2.2. Sediment characterization  
Prior to the start of water quality sampling, sediments were collected and 
characterized at each site to serve as an integrated measure of local hydrodynamic 
regimes and to provide a broader context for results of subsequent water quality sampling 
cruises. Sediments were sampled in spring 2017 at Windmill Point, Bland Point, Monday 
Creek, and Broad Bay (n = 25 to 50 point samples per cruise). A PONAR grab sampler 
was used to collect sediment samples from the top ~ 2–5 cm of the bed. Sediment grain 
size was determined using wet sieve and gravimetric pipette analysis. The finer two size 
classes (< 63 μm) were defined using a nominal size (8-phi or 4-phi) and the coarser two 
size classes were defined in terms of a range of sizes (63– 850 μm sand; >850 μm gravel 
and debris). Percent sand and larger and percent fine material was then quantified as the 
percent of all sediment by dry weight that was greater than and less than 63 μm in size, 
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respectively. Percent organic was quantified as the percent of all sediment by dry weight 
that was volatized at 550˚C. Sediment characteristics inside and outside farm footprints 
were compared using one-way analyses of variance (ANOVA) at each site, adjusting for 
multiple comparisons using Tukey’s honestly significant difference procedure.  
2.3. Water quality sampling cruises  
Water quality variables were measured inside and outside farm areas at all sites. 
High frequency water quality, current speed, and location data were collected from a 
moving vessel along multiple transects through, upstream, and downstream of each site 
(Figure 2), with the total number of transects scaled to the area of the farm footprint. 
Cruises were designed to compare water quality outside of the extent of the cages to 
inside, where waters were most likely to be impacted by oyster filter feeding, excretion, 
and biodeposition. In addition to assessing differences between the areas inside and 
outside of each farm, this approach also allowed for the assessment of the scale of these 
differences in relation to differences between sites and seasons. Data were collected on 
six cruises, resulting in six separate sampling periods used for statistical analysis.  
Water quality sampling cruises measured current speed and water clarity variables 
while the vessel was underway. The vessel was driven slowly along 10–30 transects, with 
the number of transects depending on the size of the farm. Roughly half of the transects 
crossed through the farm, while the other half were driven entirely outside (Figure 2). 
Because all transects started outside the farm area, all transects included at least some 
“outside” data (Figure 2). Sampling took place within the two to four hours bracketing 
predicted maximum tidal current, which included periods of time with both relatively 
slow and relatively fast current speeds. During each transect, an RDI acoustic Doppler 
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current profiler measured current speed and direction. A YSI 6600-series sonde measured 
temperature, salinity, chlorophyll-a fluorescence (henceforth “chlorophyll”), turbidity, 
and dissolved oxygen (DO). In addition to moving vessel transect flow measurements at 
Windmill Point in summer, long-term flow measurements collected by a stationary 
upward-facing acoustic doppler profiler (ADP) deployed just outside the farm footprint 
over 31 days. The ADP was deployed August 8 to September 8, 2017 and collected data 
every 15 minutes. Within that timeframe, Windmill Point summer transects were sampled 
on August 31, 2017, collected data approximately every second for four hours.  
2.4. Statistics  
All of the variables we measured were expected to change across the entire site 
due to tides and changes in solar irradiance throughout the day. To increase our ability to 
detect changes between waters inside and outside the farm footprint (hereafter “farm 
effect”), all data that showed significant patterns with respect to time and salinity were 
detrended. Before detrending, data were classified as “inside” or “outside” data based on 
whether they were collected inside the footprint of the farm or outside of that footprint. 
Outside data included data from transects run entirely outside the farm and data from the 
portions of transects running through the farm that fell outside the farm footprint. Data 
that fell more than four standard deviations away from the mean of outside data were 
removed as outliers prior to detrending. For all variables of interest, detrending (Figure 3) 
was accomplished by plotting data collected outside the farm footprint against time and 
identifying the polynomial best fit regression. For current speed data, if a second-order 
polynomial fit as a function of time was significant (α = 0.05), the outside-farm trend was 
subtracted from the full dataset (i.e., data from inside and outside the farm footprint). For 
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water quality data, the best fit of three regressions–linear, 2nd- order polynomial, and 
3rd-order polynomial–was used to detrend each variable over time for each cruise. The 
best fit was determined based on the relative change in the R value between different 
regressions. In most cases a linear fit was the most effective method for detrending 
variables over time (Figure 3). To better visualize farm effects after detrending relative to 
the original magnitudes of the variables at each site, residuals after detrending were 
scaled back to the original outside-farm means. This was done by adding a constant to the 
full (inside and outside farm) detrended data set for each variable at each site such that 
the mean values for variables sampled outside the farm footprints were made equal to 
their original mean values.  
In most cases, the spatial pattern of water quality was not strongly influenced by 
the detrending procedure. For example, change in the spatial distribution of chlorophyll at 
Windmill Point in summer before and after detrending was negligible (Figs 3A, 4A, 4B 
and 4C). However, for some variables on certain cruises, the original spatial pattern of 
variability was strongly confounded by temporal trends such as warming throughout the 
day of sampling, such as the observed pattern of DO at Windmill Point in summer (Figs 
3E, 4D, 4E and 4F). For cases such as summer DO, removing the trends associated with 
time and salinity allowed for a rigorous comparison of water quality inside vs. outside 
cages. Further examples of data before and after removal of outliers and detrending are 
graphically displayed in this study’s data repository (Turner et al., 2019).  
Once data were detrended, they were subsampled according to the number of 
sampling points over which observations were autocorrelated in space for each variable 
on each cruise. Using measurements outside of cages, each transect was fitted to a linear 
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trend, which was subtracted from the transect. An autocorrelation analysis was then 
performed on the outside data along each transect in order to calculate the “limiting lag” 
at which the data were no longer spatially autocorrelated with one another (Zieba and 
Ramza, 2011). The median limiting lag characterizing each variable on each cruise was 
then determined (Table 2). Last, the measurements of each variable from each cruise 
were subsampled according to their respective limiting lags, using random start points. 
Full details of the autocorrelation analysis used to determine subsampling intervals can be 
found in this study’s data repository (Turner et al., 2019).  
Once data were subsampled, a combination of 2- and 3-way analyses of variance 
(ANOVA) were used to assess the effects of location with respect to the farm footprint 
(inside vs. outside), site, season, and their interactions on current speed, chlorophyll, 
turbidity, and DO. A two-way factorial ANOVA with four levels of site (i.e., Windmill 
Point, Bland Point, Monday Creek, and Broad Bay), and two levels of location relative to 
farm (inside vs. outside) was used to assess the effects of these factors on data collected 
in summer 2017. We then assessed the effects of season in addition to other factors using 
a three-way factorial ANOVA with two levels of site (Windmill Point and Broad Bay), 
two levels of season (summer and fall), and two levels of location relative to farm (inside 
vs. outside). When significant interactions between terms were identified, additional 
analyses were carried out within levels of factors and factor combinations as appropriate. 
When a factor was identified as significant, post-hoc testing (Holm-Sidak) was used to 
identify significant differences between levels of that factor. Significance for all 
statistical tests was set to α = 0.05. In cases where data failed to meet ANOVA 
assumptions of normality and/or equal variance and were resistant to transformation, 
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ANOVA were assumed to be robust to these violations. ANOVA results are presented in 
full in this study’s data repository (Turner et al., 2019).  
2.5. Conceptual farm-scale filtration calculation methods  
To complement observational measurements of water quality at aquaculture sites, 
a simplified conceptual model was used to evaluate the potential for filtration by oysters 
at each farm. The following equation was used to estimate the fraction of the total water 
volume passing through each farm that could be filtered by oysters on a given flood or 




where T is the time passing water is exposed to oysters based on flow distance divided by 
the current speed, N is the number of oysters, F is the mean maximum filtration rate of 
the oysters (about 1x10-6 m3 s-1 oyster-1) based on a review of studies (Ehrich and Harris, 
2015), and V is the volume of the 3Dbox- shaped aquaculture site within the extent of the 
cages, based on its dimensions measured using GIS. Current speeds were based on speeds 
calculated from north- and east-velocity components observed at each of the four sites 
sampled in summer 2017, and numbers of oysters were estimated based on growers’ 
reported annual harvests and approximate observed numbers and sizes of cages present at 
each site during summer 2017 (Kellogg et al., 2018b, 2018a). This simplified calculation 
makes a variety of assumptions, including consistent current velocity through the site 
without consideration of lateral mixing, adult oysters, constant filtration rate, and an even 
distribution of water contact with oysters. This calculation likely overestimates filtration 
rates, because the filtration rate applies to summer temperatures for adult oysters, and the 
calculation does not account for refiltration, such as the refiltration that may occur if 
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oysters filter the same parcel of water during consecutive flood and ebb tides. Though 
simplified, this calculation provides a context for the results observed in situ.  
 
3. Results  
Our studies of oyster aquaculture farms in Virginia found that, although farms had 
statistically significant effects on the environmental variables measured, those effects 
generally were small in scale. Differences among farms and among seasons were 
generally of a far greater magnitude than differences between areas inside and outside of 
the farm footprint within individual sites. In addition, the magnitude and direction of the 
effect of farms on environmental variables varied in complex ways with site and season. 
Significant interactions between factors were common, requiring analyses of each factor 
within combinations of the other factors of interest.  
3.1. Sediment characteristics  
Sediment grain size and organic content were homogenous at each site, with no 
significant differences between inside and outside of cages (p > 0.05) at most sites with 
the exception of Windmill Point, where sediment organic content was slightly higher 
outside of cages (difference of 0.3%, p = 0.034). Bed composition was used as a proxy 
for the wave exposure at each site, which was not directly measured (Table 3).  
3.2. Farm and site effects  
Data were collected at all four aquaculture sites during summer 2017, enabling 
analysis of the effects of location relative to farms (i.e., inside or outside the farm 
footprint) and site on current speeds and water quality variables (Figure 5). Across all 
variables measured, the greatest differences were attributable to site effects rather than 
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farm effects. For current speeds, there was a significant interaction between the effects of 
site and farm (p < 0.001) requiring assessment farm effects within each site and 
assessment of the effect of site within each level of location relative to farms (i.e., inside 
and outside the farm footprint). Current speeds were significantly higher inside the farm 
at Monday Creek and Broad Bay (p = 0.003 and p = 0.024, respectively), significantly 
lower inside the farm at Windmill Point (p < 0.001), and were not significantly different 
between inside and outside the farm at Bland Point (p = 0.25). For areas outside the 
farms, all sites had significantly different current speeds (Windmill Point > Broad Bay > 
Monday Creek > Bland Point). For areas inside the farm footprint, most sites were 
significantly different from one another (Windmill Point > Broad Bay = Monday Creek > 
Bland Point). The magnitude of the effect of the farm on current speeds ranged from 0.9 
to 3.0 cm s-1 whereas the effect of site on current speed ranged from 1.1 to 10.5 cm s-1 
(outside data).  
For chlorophyll, there was not a significant interaction between farm and site 
effects (p = 0.22). Location relative to farm had no effect on chlorophyll (p = 0.13) but 
the effect of site was highly significant (p < 0.001). All sites were significantly different 
from one another (Broad Bay > Monday Point > Bland Point > Windmill Point), with the 
magnitude of differences between site means ranging from 1.8 to 10.8 μg L-1 for data 
collected outside the farm.  
For turbidity, there was a significant interaction between farm and site effects. 
Turbidity was significantly lower inside the farm than outside the farm at Broad Bay and 
Monday Creek (p < 0.001 respectively). Regardless of location relative to farm, there 
were significant differences in turbidity between all sites except Windmill Point and 
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Bland Point (Broad Bay > Monday Creek > Windmill Point ~ Bland Point). The 
magnitude of differences in turbidity between sites (3.7–8.2 NTU) was much greater than 
the magnitude of differences between samples collected inside and outside the farm (0.7–
1.2 NTU).  
As for turbidity, there was a significant interaction between farm and site effects 
on dissolved oxygen (p < 0.001). At Broad Bay, DO was significantly higher inside the 
farm than outside the farm (p < 0.001). At all other sites, location relative to farm did not 
have a significant effect on dissolved oxygen levels. Regardless of location relative to 
farm, there were significant differences in DO between all sites (Windmill Point > 
Monday Creek > Bland Point > Broad Bay). The magnitude of difference in DO between 
inside and outside the farm at Broad Bay (0.2 mg L-1) was equal to or as much as an order 
of magnitude less than the magnitude of differences between sites (0.2–2.5 mg L-1).  
3.3. Seasonal effects  
At two sites, Windmill Point and Broad Bay, sampling was conducted during both 
summer and fall 2017, allowing us to examine the effects of season in addition to the 
effects of farm and site (Figure 6). For current speed, there was a significant interaction 
between the effects of site and season (p = 0.014) but no interaction between farm effects 
and other factors. At Windmill Point, current speeds were significantly lower in fall than 
in summer (p < 0.001). At Broad Bay, current speeds were similar between seasons (p = 
0.10). As seen previously for summer, there were significant differences between sites in 
the fall (p < 0.001). In contrast to previous analyses, a significant effect of the farm on 
current speeds was only found at Windmill Point (p < 0.001). The magnitude of 
differences in current speed between seasons at Windmill Point (1.8–1.9 cm s-1) was 
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slightly less than the magnitude of differences between areas inside and outside the farm 
(2.4–2.5 cm s-1), which was roughly half the magnitude of the differences in current 
speeds between the two sites (2.8–6.6 cm s-1).  
For chlorophyll, there was a significant interaction between the effects of farm 
and season (p < 0.001) but no interaction between site effects and other factors. Broad 
Bay had significantly higher chlorophyll than Windmill Point, regardless of season or 
location relative to the farm (p < 0.001). Season had significant but opposite effects on 
chlorophyll concentrations at the two sites with higher chlorophyll at Broad Bay in 
summer (p < 0.001) and higher chlorophyll at Windmill Point in fall (p < 0.001). In 
contrast to summer, chlorophyll concentrations were significantly higher inside the farm 
at Broad Bay in fall (p < 0.001) but inside-outside differences (0.05–0.4 μg L-1) were an 
order of magnitude lower than the differences attributable to the effects of site (2.6–10.8 
μg L-1) and season (0.8–7.4 μg L-1). 
 For turbidity, there were significant interactions between all factors (p < 0.001). 
At Windmill Point, the farm had no effect on turbidity regardless of season. At Broad 
Bay, turbidity inside the farm was significantly lower in both fall and summer (p < 
0.001). At both sites, turbidity was lower in fall than in summer (p < 0.001). In both 
seasons, turbidity was lower at Windmill Point than at Broad Bay (p < 0.001). The 
magnitude of the effect of season on turbidity (0.45–5.0 NTU) was comparable to the 
range of magnitude of inside-outside farm effects (0.07–0.38 NTU) and site effects (3.3–
8.2 NTU).  
DO also had significant interactions between all factors (p < 0.02). At Broad Bay, 
DO was higher inside the farm than out in both summer and fall (p < 0.001). At Windmill 
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Point, the farm had no effect on DO regardless of season. At Broad Bay outside the farm, 
DO was higher in fall than in summer (P < 0.001) but season had no effect on DO inside 
the farm. At Windmill Point, DO was higher in summer than in fall (p < 0.001) while at 
Broad Bay it was lower in summer, but only outside the farm (p < 0.001). Regardless of 
season and location relative to the farm, DO levels were higher at Windmill Point than at 
Broad Bay (p < 0.001). Overall, the effect of site (1.7–2.5 mg L-1) on DO was an order of 
magnitude greater than the seasonal effects (0.03–0.5 mg L-1) and inside-outside farm 
effects (0.02–0.2 mg L-1).  
3.4. Farm effects with distance  
Only one site, Windmill Point, was suitable for detailed analysis of how water 
quality and current speed changed as a function of distance from the upstream end of 
sampling. Due to complex bathymetry and the proximity of adjacent shorelines, the other 
sites were not appropriate for this type of analysis. At Windmill Point, bathymetry was 
more uniform, and current direction was well-defined (Figure 2C). Because oyster 
biomass within the farm footprint was higher in summer than in fall, detailed analyses 
were conducted using summer data from Windmill Point. To confirm that these data were 
collected under flow conditions that were representative of the site, we compared current 
speeds from our summer sampling period to data collected by a stationary acoustic 
Doppler profiler moored just outside the farm footprint from August 8 to September 8, 
2017. The current speeds measured outside the farm in summer 2017 encompass a similar 
range and have a similar distribution to the 31-day current speed record for the site 
(Figure 7).  
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With distance from the upstream end of sampling at the Windmill Point site in 
summer, detrended chlorophyll, turbidity, and DO did not exhibit strong changes with 
distance, while current speed patterns revealed a slowing of currents within the farm. On 
a transect-by-transect basis, inside- outside differences were minor in the context of total 
spatial variability (Figure 8). Current speed showed the strongest influence of the farm 
when examined with distance, as transect means inside cages were generally lower than 
transect means for points measured outside cages (Figure 8A). Effects of the farm were 
not as evident from water quality measurements. For one transect with measurements 
inside the site, chlorophyll anomalously high. However, for all other transect means, 
chlorophyll was nearly homogenous throughout the site. Turbidity was similarly 
homogenous throughout the site, with slightly higher variability in conditions on transects 
that passed through the farm for both inside and outside measurements (Figure 8B). DO 
also showed very little spatial pattern with distance through the site, showing very 
slightly higher DO inside cages on transects that passed through the farm (Figure 8D). 
Overall, spatial patterns in current speed with distance from the upstream end of sampling 
show a slowing of currents inside the farm, while spatial patterns in water quality show 
negligible influence of the farm, consistent with the results of statistical analyses.  
3.5. Overall farm effects  
Overall, water quality inside and outside of farm footprints was measured during 
a total of six sampling periods across the different site, season, and flow speed 
combinations. With the exception of the farm with the smallest footprint (Bland Point) 
which had no significant effect on any water quality variables, oyster farms had 
statistically significant effects on all measured environmental variables. However, the 
 
 42 
scale of these effects was small, and the direction of effects was not consistent across 
farms.  
Because oysters filter phytoplankton and other particles from the water column, 
one might expect both chlorophyll and turbidity to be lower inside the farm footprint at 
all sites when compared to areas outside the farm. However, across all sites and seasons, 
chlorophyll was never significantly lower inside than outside the farm. In contrast, 
turbidity was significantly lower inside the farm at Monday Creek in summer and at 
Broad Bay in summer and fall. Through respiration and remineralization of biodeposits, 
the presence of oysters has the potential to lead to decreases in DO inside farms. 
However, in the present study, the only significant effect on DO was an increase inside 
the farm at Broad Bay in summer and fall. The influence of farms on current speed was 
also mixed, with significantly lower speeds inside the farm at Windmill Point in both 
summer and fall and significantly higher speeds within the farms at Monday Creek and 
Broad Bay in summer.  
3.6. Conceptual farm-scale filtration calculation results  
Farm-scale filtration rate calculations indicate that only a small portion of water 
passing through the sites around peak tidal current could be filtered by oysters. In short, a 
maximum of ~6% of water passing through the sites in this study within the extent of 
cages with a current speed of ~10 to 20 cm s-1 could be filtered by oysters during summer 
at their mean maximum filtration rate (Table 4). This is consistent with our observations 





4. Discussion  
Overall, results show statistically significant impacts of farms on local water 
quality but these differences are small compared to naturally occurring differences in 
water quality parameters attributable to differences between sites and seasons. As 
discussed below, some evidence suggests that aquaculture gear at some farms may damp 
currents and provide substrate for microalgal growth on the cage structures. Finally, 
simplified filtration calculations support in situ results, showing that oysters in these 
settings are likely to process only a small fraction of the water volume passing through 
each farm during a tidal cycle.  
4.1. Minimal water quality effects  
The setting of individual farms influenced water quality far more than the 
presence of oysters, which showed little impact consistent with either filtration or organic 
enrichment. Regarding the original hypothesis, although results did show statistically 
significant differences between water quality measurements inside and outside of farms, 
those differences were too small in magnitude and too inconsistent in sign to demonstrate 
evidence of farm impact. Therefore, results ultimately suggest minimal water quality 
modification by farmed oysters at the sites in this study. The negligible impact of oysters 
at these sites is almost certainly due in part to the use of relatively low-density culture 
methods at sites with relatively high flushing rates. All farms in this study were situated 
in well-flushed areas with relatively short water residence times due to tidal currents and 
wave action. Farms in this study were also relatively low-density operations, with well-
spaced cages resulting in < 60 oysters m-2 (Table 4). This combination of growing 
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conditions at the sites in this study are likely beneficial for both minimizing any 
potentially detrimental impacts of oyster aquaculture and maximizing oyster growth.  
Results showing minimal effects of these specific oyster farms on local conditions 
as measured here are consistent with other studies of low-density shellfish aquaculture 
operations in settings with sufficient hydrodynamic flow. With respect to the seabed 
environment, Mallet et al. (2006) found that, in well-spaced operations with moderate to 
strong currents, effects of biodeposition on the benthos were minimal in terms of 
sediment redox and sulfide. In Canada, studies found little top-down control by shellfish 
on primary production (Comeau, 2013; Pilditch et al., 2001) and minor effects overall 
(Grant et al., 1995). Analogous to the results of the present study, Thorn (1997) reported 
that separate farms were more different from one another than locations within each farm. 
Of the studies reviewed by Burkholder and Shumway (2011), 93% found that shellfish 
aquaculture had a minor or negligible role in enhancing eutrophication. In short, our 
results support a key finding of other shellfish aquaculture studies: low-density shellfish 
farming at sites with relatively high flushing rates has minimal negative impact on local 
ecosystems (Baudinet et al., 1990; Crawford, 2003; Fabi et al., 2009; Grant et al., 1995; 
Kaiser, 2001).  
4.2. Hydrodynamic effects  
Current damping by aquaculture gear was observed at one of the largest farms 
during both flood and ebb tidal periods, presenting an avenue for future research. 
Windmill Point was characterized by a 13 to 15 percent reduction in water column 
current speed within the farm footprint compared to outside (Figs 5A and 8A). Overall, 
these results fall at the lower range of the current damping caused by a wider variety of 
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aquaculture types in other studies (kelp-scallop, mussel, etc.), which found currents were 
30 to 70 percent slower inside farms compared with outside speeds (Fan et al., 2009). The 
generally lower magnitude and less consistent current damping seen in this study may be 
due to the differences in the scale of the gear used for various aquaculture types. The gear 
used in other aquaculture settings likely takes up a greater proportion of the water column 
than the floating and bottom cages used by oyster growers in the present study. While 
visiting the oyster aquaculture sites in the present study, researchers observed 
qualitatively that floating-cage gear also damped small wind waves (<0.25 m), though not 
larger wind-generated swells (> 0.25 m). Wind speed, wind-generated waves, or the 
reduction of wind-generated waves were not quantitatively measured as part of the 
present study. Reduction of wave and current energy by aquaculture gear is an important 
area for additional study.  
4.3. Other in-farm processes  
Other water quality-related processes may have been occurring at the farms in this 
study, including growth of cage-associated algae. Microalgae growing on the cages may 
have impacted the fine-scale processes at farms, albeit without a detectable effect on 
water quality or sediment organic content. Increased DO was found inside one of the 
farms during both summer and fall, which could be due to marginally enhanced primary 
production. Chlorophyll was significantly higher inside the farm at the two sites sampled 
in fall. These differences in DO and chlorophyll, though small in magnitude, may be 
attributable in part to the microalgae growing on the cages and associated gear. Video 
footage of the underside of a cage showed that algae, likely benthic diatoms, growing on 
cage surface were sheared off as waves moved the bags within the cages, and the algae 
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remained suspended in the water column. Our results do not provide a means of 
quantifying the scale of the contribution of cage-associated algae to our chlorophyll 
measurements. The relative contributions of gear-associated algae and water column 
phytoplankton to total primary production at aquaculture sites is an important area for 
future study.  
The larger scale spatial differences observed in site conditions (Figure 5) may be 
in part due to differences in wave energy at the various sites as indicated by differences in 
the grain size of sediments. The relatively enclosed sites at Monday Creek and Broad Bay 
had the finest grain sizes and highest percentages of organic matter in bottom sediments 
(Table 3). Lower wave action and somewhat longer residence times likely allowed fine-
grained material to accumulate over time, creating conditions that favor regular 
resuspension of bottom sediments at peak tidal flows. This interpretation is consistent 
with higher observed water column turbidity at Monday Creek and Broad Bay (Figure 
5C). In contrast, Windmill Point had the coarsest bottom sediment grain size, the lowest 
percentage of organic matter, and low water column turbidity (Table 3; Figure 5C). The 
wave-exposed sites at Bland Point and Windmill Point had higher energy overall, which 
likely favored the removal of biodeposits and organic matter from those sites. The present 
study does not address impacts on the benthos, which is an important issue for future 
study.  
While our conceptual filtration calculation estimated that the oyster farms in this 
study had minimal potential to modify water quality at relatively high current speeds, 
slower theoretical current speeds only slightly increased filtration potential. Slower 
current speeds, such as those experienced surrounding slack tide, may slightly increase 
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the potential effects of oysters on water quality, but only to a certain point. In a general 
sense, a 50% reduction in current speed described in Table 4 effectively doubled the 
volume of water that could potentially be filtered by oysters ( ~12%). Specifically, at 
Windmill Point in summer 2017, current speed inside the farm for the entire time of 
sampling, including nearly six hours, ranged from 10.2 to 20.2 cm s-1, in terms of the 
25th to 75th percentiles of measured currents speeds (Figure 7). Using these upper and 
lower bounds for current speed to calculate a potential filtration range, oysters at the 
Windmill Point farm could theoretically filter 4.6 to 9.1% of the water passing through 
the farm. Increased potential for water quality modification by oysters at slack tide 
highlights a limitation of the present study and an avenue for future research. This study 
may have been limited in the overall temporal scale of sampling. Each set of transects 
only captured one snapshot in time. The contribution of tidal stage, including slack tide, 
to water quality effects of oyster farms is a logical avenue for future study. Nevertheless, 
it is important to note that even the highest possible estimation of filtration at Windmill 
Point, using the lower 25th percentile of all current speeds measured, yielded a low 
volume of water that could potentially be filtered by oysters (~9%).  
In contrast, other shellfish farms showing significant water clarity modification 
are cultured at a greater vertical depth scale, larger spatial scale, and higher density than 
the oyster farms in this study. For example, mussel longline cultures use a large portion 
of the water column with depth and often extend over large spatial footprints, while the 
oyster farms in the present study took up a very small fraction of the water column and a 
small spatial scale in comparison. Nielsen et al. (2016) found that a Danish mussel farm 
depleted chlorophyll by 27 to 44%. The example Danish mussel farm measured ~188,000 
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m2 in area, and mussels were cultured at a density of ~1000 individuals m-2, one to two 
orders of magnitude larger and more densely cultured than the four oyster farms in this 
study (2,800 to 20,000 m2 and cultured at a density of < ~60 individuals m-2). Using the 
metrics from Nielsen et al. (2016) and a mussel filtration rate from Clausen and Riisgard 
(1996), a conceptual filtration rate, as detailed above, was calculated for the example 
mussel farm. The calculation reveals that ~ 9 to 28% of the water passing through the 
example Danish mussel farm was able to be filtered by the organisms (with possible flow 
distances of 250 to 750 m, respectively). Compared to the oyster farms in the present 
study, this example longline mussel farm showed a higher potential modification of water 
clarity, consistent with the results presented by Nielsen et al. (2016). Though simplified, 
this comparison supports observed results and provides a global context for the relatively 
small impacts of the Virginia oyster farms measured in this study.  
 
5. Conclusions  
This study investigated four commercial oyster farms in lower Chesapeake Bay 
and found minimal impacts of farms at most sites. For the water quality variables 
considered (chlorophyll, turbidity, and DO), effects associated with environmental 
setting-related differences among sites and seasons were generally an order of magnitude 
greater than the effects of the farms. Although large sample sizes were often able to 
resolve statistically significant differences in water quality inside vs. outside farms, the 
effects of oyster aquaculture on observed water quality variables rarely aligned with the 
expectation that aquaculture farms would decrease chlorophyll, turbidity and dissolved 
oxygen levels. The magnitudes of inside-outside water quality differences were small at 
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all sites and seasons regardless of gear type. Results suggest that among-site differences 
in water quality were more closely related to differences in environmental setting, in 
terms of bed composition and wave exposure, than to differences in farm characteristics. 
A simplified calculation revealed that at the low culture densities investigated in this 
study, oysters in farms are only able to filter a small fraction of the water passing through 
each farm on a given tide.  
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Table 1. Study sites.  
Characteristics of the commercial aquaculture sites visited in this study, including gear 
type, seasons visited, extent of cages in terms of two-dimensional area, and bottom 
sediment type.  
Code 
(Figure 1) Site 
Gear 
type Seasons sampled 





A Windmill Point Floating Summer/Fall 2017 16200 Gravelly sand 
B Bland Point Bottom Summer 2017 1100 Sand 
C Monday Creek Floating Summer 2017 5500 Muddy sand 







Table 2. Median limiting lags used for subsampling for each variable on each cruise.  
The median limiting lag for a given variable on a given cruise was determined by the 
autocorrelation function, and represents the characteristic number of points over which 
that measurement was autocorrelated in space.  
Site Season Median Limiting Lag  
Current Speed Chlorophyll Turbidity DO 
Windmill Point Summer 1 7 4 9 
Fall 2 8 7 14 
Bland Point Summer 2 4 7 5 
Monday Creek Summer 3 14 11 12 
Broad Bay Summer 2 9 15 14 






Table 3. Site characterization of sediment bed composition.  
Percent sand and larger vs. percent fine material is the percent of all sediment by dry 
weight that was greater than vs. less than 63 μm in size, respectively. Percent organic was 
the percent of all sediment by dry weight that was volatized at 550˚C.  
Site Sample 
Size 
% Sand and larger % Fine % Organic Wave exposure 
Windmill Point 44 97.8 2.2 0.7 High 
Bland Point 41 95.1 4.9 0.9 Moderate 
Monday Creek 26 57.1 42.9 6.1 Very low 






Table 4. Conceptual filtration volume calculations for each farm.  
Percent of water filtered represents the fraction of the water passing through the extent of 
cages could be filtered by oysters assuming a maximum number of oysters and a 





















WP 150 120 150 1.5 16.8 500000 1.7 5.5 
BP 80 35 50 1.5 8.8 2000 2.6 0.1 
MC 80 60 60 1 8.8 117000 1 3.3 











Figure 1. Map of study sites. The aquaculture sites sampled 2017–2018, from north to 
south: Windmill Point (A) near the mouth of the Rappahannock River; Bland Point (B) in 
the Piankatank River; Monday Creek (C) in the marshes bordering the southwestern 
entrance to Mobjack Bay and the mouth of the York River, and Broad Bay (D) in the 
Lynnhaven River system. Red lines indicate spatial extent and orientation of the cages at 






Figure 2. Spatial resolution of sampling and current direction on each sampling 
cruise. For sampling cruises at (A) Broad Bay in summer, (B) Bland Point in summer, 
(C) Windmill Point in summer, (D) Monday Creek in summer, (E) Broad Bay in fall, and 
(F) Windmill Point in fall, red circles indicate locations sampled using moving-vessel 
transects with every nth point shown to represent the subsampling interval for chlorophyll 
on each cruise, where n = 4 to 14 depending on the cruise (Table 2). Black lines indicate 
spatial extent and orientation of the cages at each site but do not correspond directly to 
rows in the array of cages at each site. Righthand panels depict polar histograms of 
current directions measured during each sampling cruise, with distance from the center 
indicating relative frequency and color indicating the proportion of each directional 





Figure 3. Water quality detrending process for transect data. To account for trends 
associated with time of day, such as warming temperatures throughout the day, water 
quality data were detrended with respect to (A, C, E) time and (B, D, F) salinity. Red 
circles indicate points sampled inside and blue circles indicate points sampled outside the 







Figure 4. Examples of water quality measurements before and after detrending. On 
the top row, the color of points indicates chlorophyll concentration (μg L-1) at Windmill 
Point in summer 2017, (A) before detrending for either time or salinity, (B) after 
detrending for time, before detrending for salinity, and (C) after detrending for both time 
and salinity. On the bottom row, the color of points indicates DO concentration (mg L-1) 
(D) before detrending, (E) after detrending for time, and (F) after detrending for both 
time and salinity. For chlorophyll every 7th point is shown, and for DO every 9th point is 
shown, corresponding with the subsampling interval for those variables on this cruise 





Figure 5. Site comparison of current speed and water quality and during summer 
2017. (A) Current speed, (B) chlorophyll, (C) turbidity, and (D) DO. Error bars indicate ± 
one standard deviation. Sample sizes are shown above each bar. Note that for sites with 
large sample sizes, α = 0.05 confidence bounds on the means (not shown) are much 





Figure 6. Seasonal comparison of current speed and water quality at two sites. (A) 
Current speed, (B) chlorophyll, (C) turbidity, and (D) DO. Error bars indicate ± one 





Figure 7. Current speeds on the Windmill Point summer sampling cruise compared 
to the one-month record. Transect measurements from outside the farm footprint (thick 





Figure 8. Current speed and water quality inside and outside cages by transect 
along distance from upstream end of sampling at Windmill Point. Data were 
collected at Windmill Point in summer 2017, including (A) current speed, (B) 
chlorophyll, (C) turbidity, and (D) DO. Open red circles indicate means of points outside 
the extent of cages on each transect, and filled blue circles indicate means of points inside 
the extent of cages on those transects that included both inside and outside points. Error 




Appendix A: Supplementary material 
Supplementary material is provided in the data repository for this study is 
available as: Turner JS, Massey GM, Kellogg ML, Friedrichs CT (2019). A Data 
Repository for Minimal Effects of Oyster Aquaculture on Water Quality: Examples from 
Southern Chesapeake Bay. William & Mary ScholarWorks. 
















Shoreline erosion supplies sediments to estuaries and coastal waters, influencing 
water clarity and primary production. Globally, shoreline erosion sediment inputs are 
changing with anthropogenic alteration of coastlines in populated regions. Chesapeake 
Bay, a prime example of such a system where shoreline erosion accounts for a large 
proportion of sediments entering the estuary, serves here as a case study for investigating 
the effects of changing sediment inputs on water clarity. Long-term increases in shoreline 
armoring have contributed to decreased erosional sediment inputs to the estuary, 
changing the composition of suspended particles in surface waters. This study examined 
the impact of shoreline erosion on water clarity using a coupled hydrodynamic-
biogeochemical model. Experiments were conducted to simulate realistic shoreline 
conditions representative of the early 2000s, increased shoreline erosion, and highly 
armored shorelines. Together, reduced shoreline erosion and the corresponding reduced 
rates of resuspension result in decreased concentrations of inorganic particles, improving 
water clarity particularly in the lower Bay and in dry years where and when riverine 
sediment influence is low. This clarity improvement relaxed light limitation, which 
increased organic matter production. Differences between the two extreme experiments 
revealed that in the mid-estuary in February to April, surface inorganic suspended 
sediment concentrations decreased 3–7 mg L−1, while organic suspended solids increased 
1–3 mg L−1. The resulting increase in the organic-to-inorganic ratio often had opposite 
effects on clarity according to different metrics, improving clarity in mid-Bay central 
channel waters in terms of light attenuation depth, but simultaneously degrading clarity in 
terms of Secchi depth because the resulting increase in organic suspended solids 
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decreased the water's transparency. This incongruous water clarity effect, the spatial 
extent of which is defined here as an Organic Fog Zone, was present in February to April 
in all years studied, but occurred farther south in wet years. 
 
Highlights 
• 3D numerical model was used to study impact of shoreline erosion on water clarity. 
• Armored shorelines reduce suspended sediment, improving clarity measured by Kd−1. 
• Stronger effect of erosion in lower Bay and dry years due to lower river influence. 
• Armored shorelines reduce inorganics, yet can increase organic matter production. 
• With less erosion, extent of shallower ZSD yet deeper Kd−1 yields Organic Fog Zone. 
 
1. Introduction 
Quantifying changing water clarity is important to understanding aquatic ecology 
and managing water quality. Water clarity exerts a key control on the functioning of 
aquatic ecosystems in oceanic and coastal waters worldwide because it determines the 
amount of light energy accessible for underwater photosynthesis. Water clarity holds 
great importance in coastal and estuarine waters, because of the large human populations, 
economically important fisheries, and linked watershed-ocean processes that characterize 
coastal systems. While many metrics are used to describe water clarity in aquatic 
environments, the present study focuses on water clarity measured by light attenuation 
depth (Kd−1) and Secchi depth (ZSD; see Appendix A for acronym definitions). Kd−1 is the 
inverse of the diffuse light attenuation coefficient Kd, which describes the logarithmic 
slope of the reduction in the intensity of photosynthetically active radiation (PAR) with 
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depth (Kirk, 1994). Kd−1 is most closely related to overall underwater illumination and 
the availability of energy for autotrophs. In contrast, ZSD is the depth at which a white or 
black and white disk can no longer be seen by the human eye (Holmes, 
1970; Preisendorfer, 1986; Secchi and Cialdi, 1866; Tyler, 1968). ZSD, representing 
image attenuation, is a measure of transparency or visibility. Over the past century, 
ZSD has been widely used as a water clarity metric, in part because of its extreme ease of 
use. Trends in ZSD in water bodies often reflect large-scale drivers of change, ranging 
from external watershed change (Jassby et al., 2003) to internal regime shifts (Effler et 
al., 2008). Gradually shallowing ZSD has been seen in many coastal waters due to 
eutrophication of coastal environments. For example, trends of decreasing (i.e., 
shallowing) ZSD have been documented in the Adriatic Sea (Justić, 1988), the Bohai Sea 
(Shang et al., 2016), and parts of the Baltic Sea (Bonsdorff et al., 1997; Fleming-Lehtinen 
and Laamanen, 2012; Harvey et al., 2019). In contrast, increasing light penetration has 
been documented in the Pearl River Estuary (Wang et al., 2018) and in San Francisco 
Bay (Cloern and Jassby, 2012) in association with reduced sediment input. 
Chesapeake Bay serves as an excellent case-study estuary for water clarity change 
due to its turbid yet variable water clarity conditions, ecological and human relevance of 
water clarity in the region, and somewhat ambiguous response to watershed management 
efforts in recent decades. The Chesapeake Bay is a large, eutrophic estuary characterized 
by relatively low water clarity, i.e., shallow Kd−1 (strong light attenuation) and shallow 
ZSD (low transparency), with long-term means of 1.7 m and 1.5 m, respectively, in the 
mainstem Bay. Water clarity conditions vary widely across spatial, seasonal, and 
interannual-hydrological gradients. Clarity in this estuary is a key control on timing of 
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seasonal phytoplankton blooms and subsequent deep channel hypoxia, and clarity holds 
additional importance to recreation, aquaculture, fisheries, and submerged aquatic 
vegetation; the latter provides habitat for juveniles of commercially important species 
(Jones, 2014; Peterson et al., 2000; Schaffler et al., 2013). Following historical land-use 
change and extreme eutrophication, improved watershed management practices have 
been instated since the 1980s (Lefcheck et al., 2018; Zhang et al., 2018). However, the 
overall response of water clarity over the last 40 years has been ambiguous. Trends reveal 
shallowing ZSD (i.e., decreased transparency) since the 1980s (Gallegos et al., 2011; Testa 
et al., 2019), yet at the same time, reductions in total suspended solids (TSS) and 
deepening Kd−1 (i.e., increased light penetration) (Harding et al., 2016). The mechanisms 
driving these opposing trends in Kd−1 and ZSD are not yet well understood, and motivate 
the study described here. 
Meanwhile, sediment inputs from shoreline erosion in Chesapeake Bay are 
decreasing as the shoreline is gradually hardened by human development (Gittman et al., 
2015; Halka et al., 2006; Hardaway and Byrne, 1999; Isdell, 2014; Patrick et al., 
2014; Russ and Palinkas, 2020). For sheltered coasts within the Chesapeake Bay and its 
tidal tributaries, approximately 25–50% of previously natural shorelines have been 
hardened, depending on location (Gittman et al., 2015; Patrick et al., 2016). Regional 
shoreline erosion adds slightly more sediment to the Bay than the two largest rivers 
combined (Table S1), and in the mainstem mid- to lower-=Bay shoreline erosion is the 
largest single source of inorganic solids (Cerco et al., 2013). Hardened shorelines have 
also been associated with changes in seabed grain size via deposition of finer material on 
landward sides of structures (Martin et al., 2005) and coarsening of the surrounding 
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seabed (Davenport, 2012), which alters the erodibility of seabed sediments. As shorelines 
have been hardened, much focus has been placed on the consequences to organisms in 
the nearshore environment and localized ecological impacts (Bilkovic et al., 2019; Chhor 
et al., 2020; Patrick et al., 2016; Prosser et al., 2017). However, large-scale consequences 
of these decreased sediment inputs for estuary-scale biogeochemistry and water clarity 
have not yet been investigated. 
Reductions in sediment inputs to aquatic ecosystems through shoreline hardening 
can alter suspended particle composition, influencing water clarity trends. Changing 
concentrations of inorganic mineral sediments shift the organic-to-inorganic ratio of 
suspended particles. For example, with higher sediment inputs, the organic-to-inorganic 
ratio of suspended solids decreases, and with lower sediment inputs, the organic fraction 
increases. The organic fraction of suspended solids has ramifications for water 
transparency because ZSD is more sensitive to light scattering by some particle types than 
Kd−1 (Gallegos et al., 2011; Hou et al., 2007). For example, in lakes, reservoirs, and 
coastal bays, particulate scattering is strongly inversely correlated to ZSD, and organic 
detrital particles often dominate contributions to ZSD significantly more than to 
Kd−1 (Armengol et al., 2003; Effler and Peng, 2012; Hernádez and Gocke, 1988). The 
relationship between ZSD and Kd−1 in turbid water is not fixed, since in the presence of 
highly-scattering particles, ZSD is shallower than could be predicted by a linear 
relationship with Kd−1 (Kirk, 1994; Koenings and Edmundson, 1991). Furthermore, in 
extremely turbid waters, the trend reverses such that ZSD is deeper than a linear trend with 
Kd−1 would predict (Bowers et al., 2020). In short, ZSD and Kd−1 have a complex 
relationship that varies with the concentration and composition of suspended particles. 
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Increased scattering due to changing amounts of organic detritus could help to explain the 
observed opposing trends in ZSD and Kd−1 in Chesapeake Bay (Gallegos et al., 2011). Yet, 
the mechanism for a compositional change in particles, i.e., the driver of this changing 
organic-to-inorganic ratio, has not been clearly identified. 
The primary goal of the current study is to evaluate the estuary-wide impacts of 
shoreline armoring on water clarity in Chesapeake Bay and to relate these impacts to the 
opposing trends previously documented in attenuation depth and Secchi depth. This 
research builds on past work by using a comprehensive modeling framework to conduct 
experiments to test the impact of changes in coastal erosion as possible mechanisms for 
complex water clarity change, taking into account the entire estuarine ecosystem. The 
present study seeks to answer the research question: how does a decrease in shoreline 
erosion associated with increased shoreline armoring affect water clarity in Chesapeake 
Bay? We find that shoreline armoring (reduced shoreline erosion) improves water clarity 
throughout the Bay in terms of Kd−1, especially at locations and times with relatively low 
river influence, yet has spatially, seasonally, and interannually diverse impacts on 
ZSD due to a relaxation of light limitation on organic matter production. 
 
2. Methods 
2.1. Observations: in situ data 
In situ data from the Chesapeake Bay Program (CBP) Water Quality Database 
(Environmental Protection Agency (EPA), 2012) were used for the development of 
empirical equations to describe water clarity and to evaluate model skill. Associated 
observations have been collected on monitoring sampling cruises throughout the Bay 
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since 1984. Timing of cruises is typically monthly during November to February and 
fortnightly during March to October. The present study used data from 33 mainstem 
stations, including the central channel and additional mainstem stations closer to 
shorelines and tributary river mouths (Fig. 1). Stations had water column depths of 5 to 
35 m depending on location. For development of empirical equations (see Section 2.2.4), 
the timeframe January 1998 to December 2019 was used to avoid potential TSS biases 
associated with a methodology change in Virginia waters in the mid-1990s (Williams et 
al., 2010). Data used to develop the empirical equation for light attenuation (Kd) included 
surface (<2 m) salinity, TSS, and Kd sampled on the same days at the same stations 
(Nobs = 10835). Data used to develop the empirical equation for ZSD included surface 
volatile suspended solids (VSS), Kd, and ZSD sampled concurrently (Nobs = 5046). VSS 
and fixed suspended solids (FSS) are used here as proxies for organic and inorganic 
solids because observations of VSS and FSS are reported by the CBP Database. Data 
used for model skill assessment included temperature, salinity, Kd−1 and ZSD, as well as 
suspended solids (TSS, FSS, and VSS, where T, F, and V indicate total, fixed, and 
volatile components.) Components of TSS were measured using bottle samples, 0.7-
micron glass-fiber filters, drying at 103-105 °C, and combustion at 550 °C to calculate 
mass with and without volatilized components. When only FSS or VSS data were 
reported alongside corresponding TSS data, the missing component was calculated 
assuming TSS = FSS + VSS. In situ Kd was estimated by lowering a quanta light meter 
through the water column to record photosynthetically active radiation (PAR) at a series 
of depths from just below the surface to the depth of the 10% light level (Z10%), and 








PAR was also measured simultaneously in air to account for variability in incident light 
due to cloud cover. The observed attenuation depth (Kd−1) in meters was then calculated 
as the inverse of observed Kd. 
2.2. Estuarine model 
2.2.1. Coupled hydrodynamic-biogeochemistry model 
The Chesapeake Bay Estuarine Carbon and Biogeochemistry Model 
(ChesROMS-ECB) was used to simulate linked watershed-estuarine processes. The 
hydrodynamic model used in this study was an implementation of the Regional Ocean 
Modeling System (ROMS) (Shchepetkin and McWilliams, 2005) designed for the 
Chesapeake Bay (Xu et al., 2012) with a horizontal grid cell resolution of ~1.8 km (Fig. 
1) and 20 terrain-following vertical levels stretched for increased depth resolution in 
surface waters and near the seabed. As in previous ChesROMS-ECB implementations, 
state variables simulated within this framework included dissolved organic and inorganic 
nutrients (nitrogen and carbon), oxygen, phytoplankton, zooplankton, detritus, and 
inorganic suspended sediments (see St-Laurent et al. (2020) supplementary information 
for biogeochemical equations). Terrestrial inputs of freshwater, temperature, particulate 
and dissolved nitrogen, and inorganic sediments were obtained from the Phase 6 CBP 
Watershed Model (Easton et al., 2017; Shenk and Linker, 2013), while terrestrial inputs 
of inorganic and organic carbon were obtained from the Dynamic Land Ecosystem model 
(Tian et al., 2015). As in Irby and Friedrichs (2019), inputs of particulate organic matter 
were divided into phytoplankton and small detritus, and dissolved organic matter was 
partitioned into semi-labile and refractory components. All terrestrial inputs were added 
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at ten point-source locations in the model grid (Fig. 1), representing both overland and 
riverine flow. 
Atmospheric forcing from the ERA5 data reanalysis product (Copernicus Climate 
Change Service C3S, 2017) included wind, humidity, precipitation, air temperature and 
pressure, and incoming longwave and net shortwave radiation. Atmospheric nitrogen 
deposition was also included (Da et al., 2018). Sea surface height was forced using 
observed non-tidal water levels from Lewes, DE and Duck, NC, along with Advanced 
Circulation model tidal harmonics (Luettich et al., 1992). Open ocean boundary 
conditions for temperature and salinity were calculated from observed vertical profiles 
from the World Ocean Database (Boyer et al., 2018) with climatologies derived from 
multiple years and long-term trends 1985–2018 applied such that temperature and salinity 
at the boundary varied both seasonally and interannually (Garcia and Gordon, 1992). 
With a similar setup to the one described here, ChesROMS-ECB has previously been 
used to investigate broad-scale impacts of water clarity on temperature (Kim et al., 2020), 
effects of resuspension on sediment and water biogeochemistry (Moriarty et al., 2021), 
and impacts of atmospheric deposition (Da et al., 2018), watershed management actions, 
and climate change on hypoxia (Irby et al., 2018; Irby and Friedrichs, 2019) and 
inorganic carbon balance (St-Laurent et al., 2020). 
2.2.2. Sediment transport model 
Most aspects of the sediment transport model implemented in the present study 
were consistent with those described in Moriarty et al. (2021). Specifically, three fine-
grained sediment size classes were simulated with settling velocities typical of silt-rich 
flocs, clay-rich flocs, and unaggregated mud (Table 1), consistent with Cerco et al., 
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2010, Cerco et al., 2013. Sediment concentrations in the water column were governed by 
shear stress dependent resuspension and deposition according to the bottom boundary 
layer formulation of Madsen (1994). The seabed (Fig. S1) was characterized by a 
spatially explicit initial grain size distribution based on observations over multiple 
summer seasons (Nichols et al., 1991). Wind-driven waves were implemented using 
output from the Simulating Waves Nearshore (SWAN) model (Booij et al., 1999) through 
one-way coupling to the hydrodynamics and sediment routines. Spatial patterns in the 
resulting current- and wave-induced bed stresses governing resuspension from the seabed 
(Fig. S2) reveal a strong influence of waves in the lower Bay and a strong influence of 
currents in the deep mainstem channel. For all four classes of inorganic particles, a 
seabed erosion rate of 3 × 10−5 kg m−2 s−1 was used. Finally, critical shear stress values 
for erosion and deposition (τcrit(E,D)) of sand were set to 20 Pa (Table 1), the role of sand 
being to armor the seabed and allow winnowing of fine sediment without the sand being 
resuspended (Harris et al., 2008). 
To achieve the goals of the present study, the model configuration deviated 
from Moriarty et al. (2021) in the use of fewer seabed layers, seabed nudging toward 
observed grain size spatial distribution, higher critical shear stresses for fine sediment 
classes, and simplified seabed-water column biogeochemical setup. The seabed was 
initialized with two bed layers of thickness 0.5 cm and 100 cm and with the observed 
seabed fractions given by Nichols et al. (1991). A sediment bed porosity of 0.9 and grain 
densities of 2650, 2000, 1350 and 1350 kg m−3 were assumed for the four sediment size 
classes. These parameters together defined the mass of each sediment size class in the 
initial condition of the seabed. Through the course of the calculation, the mass of each 
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sediment class in the seabed was slowly nudged toward this initial condition on a one-
month timescale. This nudging scheme was added to reflect higher confidence in the 
observed grain size distribution conditions than in modeled seabed drift, while still 
allowing for dynamic resuspension and deposition of sediments between water column 
and seabed over time. Values for τcrit(E,D) were set to 0.09 Pa (Table 1) for the three fine 
sediment classes, which allowed the model to most closely represent observed conditions. 
This τcrit(E,D) value of 0.09 Pa, although higher than Moriarty et al. (2021) and Cerco et 
al., 2010, Cerco et al., 2013, compares well with the values presented in Wu et al. 
(2018), Sanford and Maa (2001), and Maa et al. (1998). The τcrit(E,D) parameter for fine 
sediment classes was altered for each of the two experimental model runs (see Section 
2.3.2). Lastly, seabed-water column biogeochemical interactions in the present study 
were distinct from Moriarty et al. (2021) and instead consistent with Da et al. 
(2018) and St-Laurent et al. (2020). For example, an organic critical shear stress of 
0.01 Pa (based on Peterson, 1999; Table 1) yielded results consistent with observations, 
characterizing the observed lower density of organic particles. As in these earlier studies, 
when sinking organic matter reached the seabed a fraction was resuspended as small 
detritus as a function of the organic matter critical shear stress, a fraction was removed 
via burial, and a fraction was instantly remineralized (Druon et al., 2010; St-Laurent et 
al., 2020). 
Shoreline erosion sediment inputs, not considered in any previous ChesROMS-
ECB applications, were calculated for each stretch of shoreline on an annual basis 
following the methodology used in the Phase 6 CBP Watershed Model (Easton et al., 
2017; Shenk and Linker, 2013). Eroded sediment mass was calculated from observed 
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long-term shoreline migration from the late twentieth century measured in aerial imagery 
converted to mass inputs based on observed bank sediment grain size distributions (Cerco 
and Noel, 2017; Halka et al., 2006; Hardaway et al., 2017). Nutrient fluxes and organic 
matter inputs from shoreline erosion were not considered in the current study, as bank 
sediments are nitrogen-poor and contain recalcitrant organic material (Johnson et al., 
2018). The total amount of shoreline sediment inputs to the Bay each year was assumed 
to remain constant, yet within each year, inputs varied daily as a function of the wave 
power adjacent to each shoreline segment. In this way, the inputs were highly correlated 
to wave energy, consistent with other studies that suggest that shoreline erosion is closely 
related to wind and wind-wave energy (Cerco et al., 2010; Sanford and Gao, 2018). For 
the present study, shoreline erosion inputs were converted to the flux of sediments from 
two distinct mud components, clay and silt, into surface waters (Table 1, Table S2). Sand 
was assumed to settle out too quickly to contribute to surface water clarity (Davies-
Colley and Smith, 2001) and was thus ignored in shoreline erosion inputs. Watershed 
model clay inputs were split into the two corresponding simulated sediment classes of 
clay-rich flocs and unaggregated mud (Table 1). Spatially, to convert inputs from the 
watershed regulatory model segment-sheds, inputs were summed for each separate 
Maryland and Virginia county. County total inputs were then evenly distributed over the 
land-adjacent water grid cells in ChesROMS-ECB that most closely corresponded to the 
geographic location of each county's shoreline. Shoreline erosion sediment inputs were 





2.2.3. Ballasting effect for particle sinking rates 
A further improvement to ChesROMS-ECB included adding a ballasting effect 
for particle sinking rates. Organic and inorganic particles are known to ballast one 
another, increasing overall particle sinking rates (e.g., Malpezzi et al., 2013). This 
enhanced sinking rate was incorporated here as a simplified process to represent how 
aggregation enhances particle sinking rates in turbid waters. In past studies, updated 
parameterizations for particle aggregation and sinking improved the performance of 
biogeochemical models in the Atlantic and Pacific Oceans (Fischer and Karakaş, 
2009; Kriest, 2002; Niemeyer et al., 2019). Considering divergent theories on whether 
organic particles enhance the sinking rates of mineral particles (Kranck and Milligan, 
1980; Passow, 2004), mineral particles enhance the sinking rates of organic matter 
(Armstrong et al., 2001; Klaas and Archer, 2002), or both, depending on composition 
(Hamm, 2002). In the present study both inorganic and organic particles were 
simultaneously subjected to a ballasting effect. All particle types were formulated to sink 
at higher velocities, implemented according to the function: 
𝑊ℎ𝑒𝑛	𝑇𝑆𝑆 > 𝑇𝑆𝑆*&+ ,𝑊" = 𝑊*&+ 
𝑊ℎ𝑒𝑛	𝑇𝑆𝑆 < 𝑇𝑆𝑆*,-,𝑊" =	𝑊*,- 
 
𝑊ℎ𝑒𝑛	𝑇𝑆𝑆*,- < 𝑇𝑆𝑆 < 𝑇𝑆𝑆*&+		,𝑊" =	
(𝑊*&+ −𝑊*,-)
(𝑇𝑆𝑆*&+ − 𝑇𝑆𝑆*,-)
∗ 𝑇𝑆𝑆 +	𝑊*,- (1) 
where Ws is the settling velocity for a respective particle type (inorganic: sand, silt-rich 
flocs, clay-rich flocs, and unaggregated mud; organic: phytoplankton, small detritus, and 
large detritus). Wmax and Wmin are the minimum and maximum settling velocities for each 
given particle type, set here such that Wmax = 4*Wmin. TSSmax and TSSmin are the 
concentrations at which sinking rates for all particle types begin to increase and reach 
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their maxima, respectively. For simplicity, Ws for a given particle class was assumed 
uniform over the vertical water column at a given horizontal grid point and time-step. 
Thus, TSS concentrations at surface grid cells were used to determine the degree of 
ballasting at each location at each time step, with TSSmax and TSSmin, respectively, set to 
18 and 100 mg L−1 (Fig. S3). Conditions with near-surface TSS > 18 mg L−1 are mostly 
encountered in the estuarine turbidity maximum (ETM), defined spatially for the 
Chesapeake Bay as the region from ~39.1oN to 39.4 oN latitude (Fig. 1). The addition of 
this ballasting effect mimics the comparatively higher particle settling rates observed in 
the ETM compared with the mid- and lower-Bay (Sanford et al., 2001). 
A run was also conducted in which the ballasting effect was removed, so that 
sinking rates did not increase in regions of high surface water TSS concentrations. The 
results were compared to an analogous run with ballasting (Table S3), demonstrating that 
the ballasting effect improved model skill. Particularly, improvements were found in the 
surface waters of the upper-Bay ETM, where long-term average modeled FSS and TSS 
were previously overestimated compared to observed values before the ballasting effect 
was incorporated. As a result, the ballasting effect was implemented in all model 
experiments. 
2.2.4. Calculation of Kd, ZSD, and TSS 
For implementation in ChesROMS-ECB, equations for Kd and ZSD were derived 
from multiple linear regression analysis using CBP Water Quality Database observations 
(EPA, 2012) from 1998 to 2019 (see Section 2.1). Modeled Kd was calculated as a 
function of modeled TSS and salinity, as is common in other Chesapeake Bay modeling 
studies (Cerco and Noel, 2017; Feng et al., 2015; Xu et al., 2005). Here, updated 
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empirical constants were derived from multiple linear regression analysis (Fig. S4) to 
incorporate more recent observations with reliable TSS (mg L−1) measurements from 
January 1998 to December 2019: 
 𝐾𝑑	=	0.92	+	0.079	∗	𝑇𝑆𝑆	−	0.037	∗	𝑆𝑎𝑙𝑖𝑛𝑖𝑡𝑦	 (3) 
with salinity considered as a proxy for colored dissolved organic matter (and possibly 
other indirect factors such as nutrient concentrations, which are also inversely correlated 
with salinity). Eq. (3) is used throughout the model domain and represents a best fit to the 
data collected throughout the Bay's mainstem. In addition, Kd was bounded by a 
minimum of 0.04 m−1 to represent the attenuation of pure water (Fasham et al., 
1990; Fennel et al., 2006). Using the same procedure, modeled ZSD was calculated as a 
function of modeled Kd and VSS based on CBP data from 1998 to 2019 (Fig. S4): 
 𝑍./ =
1.46
(𝐾! + 0.12 ∗ 	𝑉𝑆𝑆)
 (4) 
Attempts to include additional variables such as particulate carbon or chlorophyll did not 
improve the empirical relationship for Kd or ZSD. Note that ZSD was only calculated 
diagnostically from the model output and did not affect the biogeochemical variables, 
because PAR and Kd are more appropriate measures of light for calculating primary 
production. Thus, ZSD was used only for post-processing, including model-data 
comparison and analysis of results. 
Modeled TSS was calculated from the concentrations of modeled state variables, 
using a set of assumptions about the nature of the suspended materials in the Chesapeake 
Bay based on observed relationships. TSS is the sum of dry weight (DW) concentrations 
of fixed suspended solids (FSS) and VSS in mg L−1, and VSS is defined to be 
proportional to particulate organic carbon (POC) concentration: 
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 𝑉𝑆𝑆 = 2.9 ∗ 𝑃𝑂𝐶 (5) 
where 2.9 is a typical DW VSS:POC ratio for Chesapeake Bay waters (Cerco and Noel, 
2017). Modeled POC was calculated as the sum of planktonic and detrital carbon 
concentrations, where phytoplankton and zooplankton state variables were converted 
from nitrogen to carbon units using the Redfield ratio. Modeled FSS was computed as the 
sum of water column inorganic suspended solids (ISS) concentrations from the sediment 
model (i.e., the sum of silt-rich flocs, clay-rich flocs, and unaggregated mud) and water 
column VSS multiplied by a constant representing plankton ash content (Fall, 2020): 
 𝐹𝑆𝑆 = 𝐼𝑆𝑆 + 0.35 ∗ 	𝑉𝑆𝑆 (6) 
where 0.35 was the FSS:DWphyto ratio, i.e., the ratio of plankton ash content to plankton 
total dry weight. This adjustment is required because FSS observations from the CBP 
Database include ash from plankton-derived solids, but the sediment classes output by the 
ChesROMS-ECB do not. The 0.35 value in Eq. (6) imitated a representative Chesapeake 
Bay phytoplankton community made up of 63% diatoms, i.e., a diatom fraction (fdia) of 
0.63 (Marshall et al., 2006): 
 𝐹𝑆𝑆: 𝐷𝑊01234 = (𝐹𝑆𝑆: 𝐷𝑊!,& ∗ 𝑓!,&) + (𝐹𝑆𝑆: 𝐷𝑊-4-!,& ∗ (1 − 𝑓!,&.)) (7) 
where the ash content to dry weight ratio of diatoms (FSS:DWdia) was 0.46 and the ash 







2.3. Model simulations and analysis 
2.3.1. Reference Run 
A realistic Reference Run was conducted over the years 2001–2005. This 
timeframe encapsulates the high interannual variability of the Chesapeake Bay regional 
climatic conditions, as it includes two hydrologically dry years (2001−2002), two wet 
years (2003–2004), and one moderate year (2005). Initial conditions were derived from 
output of multi-year runs for biogeochemistry and sediment grain size distributions 
conducted with earlier versions of the modeling framework (Da et al., 2018; Moriarty et 
al., 2021). Shoreline erosion sediment inputs for the Reference Run were realistic inputs 
for the early 2000s with a moderately erodible seabed governed by τcrit(E,D) = 0.09 Pa. 
Additionally, the Reference Run was preceded by one year of model spin-up (2000). 
2.3.2. Experiments 
In addition to the Reference Run, two experimental runs “More Shoreline 
Erosion” and “Highly Armored Shoreline Erosion” were conducted to explore how 
increased shoreline erosion and the absence of shoreline erosion impacted water clarity. 
For the More Shoreline Erosion run, daily shoreline erosion inputs were doubled, and a 
concurrent increase in seabed erodibility was implemented (τcrit(E, D) = 0.03 Pa, e.g., Cerco 
et al., 2013; Moriarty et al., 2021; Cerco et al., 2010). For the Highly Armored Shorelines 
run, sediment inputs from shoreline erosion were completely removed, and the associated 
seabed erodibility was decreased (τcrit(E,D) = 0.12 Pa, e.g., Maa et al., 1998; Sanford and 
Maa, 2001; Wu et al., 2018). The corresponding changes in seabed erodibility for each 
shoreline change experiment represented the alteration of sediment supply, depositional 
processes, and grain size distributions commonly observed in response to varying degrees 
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of shoreline armoring (Dugan et al., 2011). Studies addressing interannual variation in 
estuarine sediment dynamics (Burchard et al., 2018; Dickhudt et al., 2009; Ralston and 
Geyer, 2009) have demonstrated that shifts in the external supply and internal deposition 
rates of fine sediment commonly lead to corresponding shifts in bed erodibility. 
2.3.3. Analysis of model results 
Spatial and temporal patterns in simulated FSS, VSS, TSS, Kd−1 and ZSD from 
each experimental run were compared to those from the Reference Run to assess the 
spatial extent and seasonal timing of water clarity improvement or degradation according 
to each metric. Analysis of model results focused on surface waters where phytoplankton 
production is concentrated, and in the mainstem Bay where incongruous long-term water 
clarity trends have been observed (Harding et al., 2016). Water clarity differences 
between the two most contrasting experimental model runs (Highly Armored Shorelines 
minus More Shoreline Erosion) are described, in order to highlight the spatial and 
temporal effects of erosional changes. Two “zones” of water clarity change due to the 
removal of shoreline erosion are defined: 
Enhanced Visibility Zone: 
Highly Armored minus More Shoreline Erosion, ΔKd−1 > 0 m and ΔZSD > 0 m 
Organic Fog Zone: 








3.1. Model-data comparison 
Reference run results were generally consistent with observed physical and 
clarity-related conditions in surface waters for long-term interannual average conditions 
for 2001 to 2005 (Table 2). Along the mainstem, long-term mean salinity varied from 0 
to 30 with a similar along-Bay distribution in both the model results and observations. 
Although model results slightly underestimate Kd−1 in the lower Bay in 2003, throughout 
most of the Bay the model reproduces Kd−1 and ZSD quite well. Observed long-term mean 
Kd−1 varied from 0.4 to 2 m from the ETM to the Bay mouth, while modeled long-term 
mean Kd−1 varied from 0.3 to 3 m along the same span of locations. Observed long-term 
mean ZSD ranged down-estuary from 0.4 to 3 m, and modeled ZSD varied between 0.3 and 
3 m along the same spatial gradient. At the Bay mouth, slight overestimation of VSS and 
underestimation of FSS combined to yield a high-skill estimate of TSS and Kd−1. In the 
ETM, particularly north of 39.4oN latitude (Fig. 1), biases in VSS and FSS resulted in a 
slight yet consistent overestimation of TSS in all years. Consequences of these biases for 
light penetration in terms of Kd−1 were minimal, since the combination of slight 
overestimations for both TSS (~1.4 mg L−1 higher than observed) and salinity (~0.9 psu 
higher than observed) balanced one another to effectively represent Kd−1 with high skill 
based on the empirical equation used. 
Interannual variability in modeled water clarity conditions closely resembled 
observed interannual variability between dry and wet years (Fig. 2, Table S4). For 
example, Kd−1 in dry years ranged between 0.7 and 5 m in observations vs. 0.6 and 4 m in 
the model, and in wet years ranged from 0.5 to 3 m in observations vs. 0.5 to 2 m in the 
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model. Similarly, ZSD in dry years varied from 0.8 to 3 m in observations vs. from 0.5 to 
3 m in the model, and in wet years ranged between 0.4 and 2 m in observations vs. 0.3 
and 2 m in the model. In dry years, the model slightly underestimated Kd−1 and ZSD (i.e., 
shallower than observed) in the ETM (Fig. 2). There were also larger water clarity 
differences between wet and dry years in modeled TSS. Observed annual mean TSS was 
~1.3 mg L−1 greater in wet years than dry years, while modeled TSS was 
~4 mg L−1 greater in wet years (Table S4). This wet-year-to-dry-year difference was 
greater in the model due to a combination of VSS and FSS overestimation in wet years. 
Model results also successfully reproduced seasonal variability in observed 
conditions (Fig. S5). Observed Kd−1 and ZSD were shallower in May to August compared 
with February to April, and the model effectively reproduced this seasonal pattern. 
Modeled ZSD was slightly shallower than observed ZSD, especially in February to April. 
This shallow ZSD bias of the model reflects a combination of the biases in both Kd−1 and 
VSS during the same season. 
3.2. Spatial variability in the effect of decreased shoreline erosion 
Based on the differences between the results of the two contrasting experiments 
(Highly Armored Shorelines minus More Shoreline Erosion), the removal of shoreline 
erosion increased light penetration to depth according to Kd−1, but had complex effects on 
ZSD. In many regions of the Bay, such as shallow, nearshore areas and the upper Bay 
ETM, the removal of shoreline erosion improved clarity in terms of all metrics in 
February to April (Fig. 3). However, a complex water clarity effect was observed during 
that same season in mid-Bay main channel waters: water clarity was improved in terms of 
decreased FSS and deeper Kd−1 while also showing increased VSS and shallower 
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ZSD (Fig. 3). In short, water clarity in terms of light penetration improved, while water 
transparency declined due to the increased organic matter concentration. 
The spatial pattern of clarity change due to the removal of shoreline erosion can 
be summarized by defining spatial “zones” of change. These water clarity effect zones 
describe the spatial regions where surface waters showed contrasting impacts of 
removing shoreline erosion (Fig. 4). In the Enhanced Visibility Zone, reduced sediment 
inputs improved water clarity in terms of all metrics. This zone represents the portions of 
the Bay where surface TSS concentrations were sufficiently high in the More Shoreline 
Erosion model run that TSS reduction improved clarity, but not to the point that enhanced 
organic matter production overwhelmed the effect of lower TSS on ZSD. In the Organic 
Fog Zone, reduced sediment inputs improved water clarity in terms of Kd−1(Fig. 4a), yet 
degraded water clarity in terms of ZSD (Fig. 4b). The Organic Fog Zone occurred in the 
central channel of the Bay, reaching its maximum extent from station CB4.2C in the 
northern mid-Bay (~38.65oN) parallel to the Choptank River mouth, down to station 
CB5.5 in the southern mid-Bay (~37.69oN) just northeast of the Rappahannock River 
(Fig. 4c). In this zone, concentrations of TSS were such that further sediment reduction 
deepened Kd−1 enough to strongly enhance phytoplankton growth, increasing the organic 
matter present in surface waters to such a degree that it reduced overall water 
transparency. The spatial extent of the Organic Fog Zone accounted for up to 20% of the 
total surface area of the mainstem Chesapeake Bay (Fig. 4c). 
The overall effects of the removal of shoreline erosion on water clarity were 
greater in magnitude at the southern end of the mid-Bay than the northern end. For 
example, at more southern station CB5.5, highly armored shorelines increased 
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(deepened) Kd−1 up to 1 m (Fig. 5). Although the More Shoreline Erosion model run 
resulted in similar conditions at both the northern and southern mid-Bay stations, the 
Highly Armored Shoreline run yielded deeper Kd−1 and ZSD more so at the southern 
station (Fig. 5d-f) than at the northern station (Fig. 5a-c). This north-south difference 
likely reflects the distance from riverine sediment inputs. For example, where riverine 
sediment inputs still make up a significant contribution to TSS in the upper Bay, 
removing shoreline erosion yielded only slightly deeper Kd−1 and ZSD (Fig. 5a, b), but 
farther down-estuary the removal of shoreline erosion yielded much deeper Kd−1 and 
ZSD (Fig. 5d, e), not because erosion was greater there, but rather because the relative 
influence of riverine sediments was lower. This spatial difference in clarity improvement 
was especially pronounced in winter (see Section 3.3.1) and in dry years (see Section 
3.3.2). 
3.3. Temporal variability in the effect of decreased shoreline erosion 
3.3.1. Seasonal variability 
Differences in water clarity due to the removal of shoreline erosion varied in 
magnitude and spatial extent based on time of year. For example, October to January 
showed the largest water clarity improvements in both the southern and northern end of 
the central bay (Fig. 5), presumably because that is the time of year that wave-driven 
erosion is strongest relative to riverine sediment input. In contrast, February to April 
showed the greatest increase in organic matter production due to the removal of shoreline 
sediment inputs (Fig. 3), because that is when increased river discharge provides nutrients 
that drive the enhanced late winter to early spring bloom in relatively clearer water. Thus, 
enhanced visibility in term of both ZSD and Kd−1 generally occurred during October to 
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January, and the counterintuitive effect on ZSD vs. Kd−1 in surface waters had the largest 
spatial extent during February to April (Fig. 4). The seasonal difference in effects was 
most clearly visible at the southern mid-Bay station for Kd−1 (Fig. 5d). Seasonal patterns 
in the occurrence of the Organic Fog Zone generally followed seasonal patterns in 
organic matter concentration. 
3.3.2. Interannual variability 
Changes in water clarity due to shoreline erosion varied interannually, due to 
factors that varied between hydrologically wet and dry years (e.g., riverine nutrient and 
sediment loading); these wet-dry year differences also varied by location down-estuary 
(Fig. 5). In all model experiments, Kd−1 and ZSD were both deeper in dry years (2001 and 
2002) than wet years (2003 and 2004). However, the difference between wet years and 
dry years was most pronounced for the Highly Armored Shorelines run for Kd−1 at station 
CB5.5 (Fig. 5d) than at station CB4.2C (Fig. 5a). Conversely, the difference between wet 
years and dry years was less pronounced for the More Shoreline Erosion run. The timing 
of the occurrence of the Organic Fog Zone was slightly different each year and with 
distance down-estuary. For example, in dry years of 2001 and 2002, the northern mid-
Bay station showed an Organic Fog Zone as early as January (Fig. 5c). Also, an Organic 
Fog Zone only occurred in the fall season during wet year 2003. The spatial extent of the 
Organic Fog Zone also varied between dry and wet years. In dry years, Organic Fog Zone 
effects occurred more often at the northern station (CB4.2C; Fig. 5c) than the southern 
station (CB5.5; Fig. 5f); however, in wet years, Organic Fog Zone conditions were more 





4.1. Overall impact of coastal erosion on water clarity 
Model experiments quantified the direction and magnitude of change in water 
clarity when coastal erosion alters sediment inputs. Specifically, the experiments showed 
the variability of impacts on water clarity according to multiple metrics (VSS, FSS, Kd−1, 
and ZSD), between different locations down-estuary, among different seasons, and among 
years with different hydrological conditions. Water clarity in terms of light attenuation 
depth (Kd−1) improved when shoreline erosion sediment inputs were removed. Coastal 
erosion impacts the lower Bay more than the upper Bay, not necessarily due to spatial 
differences in erosion, but due to the spatially limited influence of riverine sediments. 
Thus, erosion has a relatively larger effect with distance from river sources, particularly 
in dry years (2001–2002). For example, the removal of shoreline erosion has a greater 
impact farther down-estuary, particularly in dry years (Fig. 4, Fig. 5), likely because 
under dry hydrological conditions, relatively less riverine sediment contributes to TSS 
concentrations farther down-estuary. Despite water clarity improvement in terms of 
illumination (deeper Kd−1), model results indicate that under certain conditions, decreased 
sediment inputs to the mainstem of the estuary can contribute to shallower ZSD in the 
mid-Bay (Fig. 6), here defined as the Organic Fog Zone. These opposing impacts on 
Kd−1 and ZSD were seen in certain locations and seasons depending on hydrological 
conditions. In dry years, Organic Fog Zone effects occurred more often at its northern 
than southern extent; however, in wet years, Organic Fog Zone conditions were more 
common farther south (Fig. 5). Most likely, increased riverine nutrients supported organic 
matter production in wet years farther down-estuary than in dry years. Additionally, it 
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may be that greater light limitation in wet years compared to dry years in the mid- to 
upper-Bay (northern station in Fig. 5) allowed nutrients to remain available down-estuary 
in wet years to fuel organic production and create an Organic Fog Zone effect farther 
south. Even though the occurrence of the Organic Fog Zone is a seasonal and somewhat 
sporadic phenomenon, it has important implications. 
4.2. Implications of water clarity change for bio-optics 
The patterns in water clarity change due to shoreline armoring are relevant to 
previous bio-optical theories stating that opposite long-term trends in ZSD and Kd−1 are 
caused by increased light scattering via changing particle composition. Gallegos et al. 
(2011) hypothesized that shallowing ZSD despite deepening Kd−1 over time was due to an 
increase in small organic detrital particles caused by their light scattering behavior. 
Results of model experiments in this study supported that organic detritus hypothesis. In 
mainstem, mid-Bay waters, at sufficient distance from riverine influence, organic particle 
concentrations increased when shoreline erosion was removed (Fig. 3), often causing 
opposite effects on Kd−1 and ZSD (Fig. 4). Reduced sediment inputs to the mid- and lower-
Bay could thus help explain an increased organic-to-inorganic ratio for suspended solids, 
particularly when more organic matter is produced due to relaxed light limitation. 
Spatially, the mid-Bay is categorized as a “hypertrophic” estuarine environment due to its 
extremely high production of organic matter (Harding et al., 2020); thus, the small 
organic detritus hypothesis may apply specifically to changes in scattering behavior of 
particles in the mid-Bay where an Organic Fog Zone often occurs. This study thus 
identifies a mechanism for changing light-scattering behavior of particles in the lower-
TSS, hypertrophic, highly productive regions of the Bay. 
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4.3. Relevance to long-term trends, restoration, and management 
To put the results of the present study into management context, it is important to 
consider the role of shoreline erosion among other mechanisms of water clarity change. 
First, the somewhat small magnitudes of opposing clarity effects, on average ~10 cm 
shallower ZSD with ~10 cm deeper Kd−1 (Fig. 3, Fig. 4) suggest that shoreline armoring 
over time may only partially explain observed incongruous long-term changes in 
Kd−1 and ZSD. For example, previous studies have shown that ZSD in the mainstem has 
shallowed more than 10 cm since 1985 (Keisman et al., 2019; Murphy et al., 2019; Testa 
et al., 2019; Williams et al., 2010). In addition, a simple linear regression using the 33 
mainstem stations in the present study shows that ZSD has shallowed approximately 
29 cm from 1985 to 2019. Degraded water transparency despite increased light 
availability is likely an even more complex trend than what has been described in the 
present study. For example, sensitivity testing revealed that the removal of shoreline 
erosion alone, with no resulting change in seabed erodibility in terms of critical shear 
stress, only elicited ~2 cm shallower ZSD. This suggests that the relationship between 
sediment inputs and seabed erodibility is a crucial driver of water clarity (see Section 
4.5). 
In a heavily-managed region, the applicability of the two water clarity metrics 
(ZSD vs. Kd−1) should be considered for different purposes. The results of the model 
experiments in this study clearly indicate that these two metrics respond differently to 
reductions in sediment inputs (Fig. 4). Thus, they should be applied independently 
depending on the study goals. For example, Kd−1 as a measurement is most useful for 
applications that study autotrophs, including submerged aquatic vegetation, water column 
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phytoplankton, and benthic microalgae (Mangan et al., 2020). On the other hand, ZSD is 
more relevant for applications whose goal is to measure transparency and visibility. 
Applications for ZSD may include recreational fishing, fish predation on lower trophic 
levels (Benfield and Minello, 1996), relative abundance of predatory fish vs. 
mesopredators (Reustle and Smee, 2020), and waterfront property values (Klemick et al., 
2018; Moore et al., 2020; Walsh et al., 2017). 
In light of ongoing restoration projects that depend on water clarity, such as 
submerged aquatic vegetation beds and oyster reefs, it is similarly crucial to consider the 
metrics Kd−1 and ZSD independently. As seen in the results of this study, the two metrics 
can have opposite directions of change based on a shift in the composition of suspended 
solids in surface waters (Fig. 4). In other water bodies experiencing oligotrophication, the 
incongruity of ZSD and Kd−1 has different implications from what is occurring in 
Chesapeake Bay, providing additional reasons to separate trends in the different metrics. 
In a Danish fjord (Pedersen et al., 2014), ZSD deepened over time more quickly than 
might be predicted based on a linear relationship with Kd−1 as suspended particulate 
matter decreased. Kd−1 remained somewhat high because of dissolved light-absorbing 
constituents despite improved transparency. For this fjord with increasing visibility, 
ZSD overestimated the depths of potential seagrass habitat (Pedersen et al., 2014). In the 
Chesapeake Bay, the results of the current study suggest that using ZSD as the dominant 
water clarity metric will result in an underestimation of potential seagrass habitat, 
because an improvement in ZSD often did not consistently co-occur with an improvement 
in Kd−1 (Fig. 6). A constant inverse relationship between ZSD and Kd (e.g., Wang et al., 
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2013) may be inappropriate for estuarine applications, and the inherent measurement 
differences could influence the success or failure of restoration projects. 
Lastly, sediment loading processes are highly complex, and measures to reduce sediment 
loading can have secondary consequences to downstream ecosystems. Many management 
efforts target riverine sediment loads alone; however, these are typically only one of three 
main sources of inorganic suspended solids. Sediment sources also include shoreline 
erosion and seabed resuspension. The results of this study indicate that sediment inputs 
from shoreline erosion are particularly influential in fall and winter seasons when riverine 
inputs are relatively low (Fig. 5). Results similarly highlight that where riverine sediment 
inputs are low in the mid- and lower-Bay, especially in dry years, shoreline erosion and 
resuspension are major drivers of clarity. It is useful to consider these multiple processes 
through which sediments affect water clarity, and to consider that manipulation of any 
one of those processes could have secondary consequences for the ecosystem. Sediment 
reduction is a frequent goal of watershed management, but according to the present study, 
reduced sediment inputs do not always improve all measures of water clarity as one 
might expect. 
4.4. Relevance to other coastal systems 
Results of this study apply to many other coastal systems worldwide that are 
similarly characterized by human-impacted sediment supply and variable light limitation 
of phytoplankton. Many systems also exhibit down-estuary gradients in primary 
production and turbidity similar to those observed in the Chesapeake Bay (Cloern, 
1987; Cloern et al., 2014). For example, the Delaware Bay (Dijkstra et al., 
2019; McSweeney et al., 2017), the Gironde estuary in France (Irigoien and Castel, 
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1997), and the Westerschelde estuary in the Netherlands (Kromkamp et al., 1995) also 
experience light-limited primary production which varies in magnitude due to human 
impacts on nutrient and sediment inputs. In these systems, we would expect response to 
altered sediment inputs to vary with distance from major river sources, like in the results 
of this study (Fig. 5). Syntheses have found that, like in the present study, changes in 
coastal water transparency worldwide in terms of ZSD are indirect responses to 
eutrophication or oligotrophication (Cloern, 2001). Similar to trends in the Baltic Sea, 
effects of changing nutrient and sediment supply are spatially heterogeneous in the 
Chesapeake Bay because of processes specific to the bathymetry, bottom type, 
vegetation, distance from inputs (Fig. 5), and shoreline type at local scales. Lastly, as we 
have seen from in our results from the Chesapeake Bay, water clarity improvements will 
ultimately be somewhat limited by physical sediment transport processes. Sediment 
resuspension via tides and wind-driven waves often limits water clarity in the Chesapeake 
Bay, as in the North Sea, the Westerschelde estuary, and some fjords (Olesen, 1996). For 
example, even in the realistic scenario conducted here, inorganic suspended sediment 
concentrations were still moderately high ~10 mg L−1 in the lower-Bay, especially in the 
shallower regions east and west of the main channel, due to wind- and tide-driven 
resuspension (Fig. 2d, i). 
Impacts of shoreline armoring in the Chesapeake Bay relate to other human 
impacts on coastal sediment supply. River impoundments may have similar secondary 
consequences to those of shoreline armoring for estuaries in the long term. In the results 
of this study, reduced sediment inputs from shoreline erosion resulted in greater organic 
matter production due to relaxed light limitation (Fig. 3). In estuaries whose watersheds 
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are heavily dammed, reduced sediment inputs to downstream waters over time can 
similarly increase the euphotic zone of the estuary and cause long-term increases in 
primary production. For example, due to dam construction in its watershed, the San 
Francisco Bay experienced a 50% reduction in turbidity since 1975 (Cloern and Jassby, 
2012). Before the construction of structures such as dams and hardened shorelines, 
management entities should consider what an increased euphotic zone might mean for 
downstream water bodies, as the altered sediment inputs may have secondary 
consequences for aquatic ecosystems. 
4.5. Recommendations for future work 
Although this work incorporated many processes, uncertainties remain that should 
be taken into consideration for future modeling studies of water clarity. One avenue for 
future investigation is the plankton ash content of material from in situ suspended solids 
data used for model calibration and evaluation. In the modeling framework used here, 
VSS is an estimation of organic matter dry weight including plankton and detritus, and 
FSS is a simplified estimation of inorganic sediment particles plus the plankton ash 
content. Because the Chesapeake Bay phytoplankton community composition varies 
widely in proportions of diatoms vs. other species with different ash contents, the 
organic-to-inorganic ratio of phytoplankton and associated detritus in our single-
phytoplankton-class model was simplified. In terms of model skill, VSS overestimation 
by the model compared to observations both in the annual average (Table 2) and 
seasonally in May to August (Fig. S5) may have been partially due to phytoplankton 
simplification into one class, when in fact there is a seasonal progression of the 
phytoplankton species composition and corresponding plankton ash content. 
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Moreover, future work should consider additional processes that impact water 
clarity, including biogeochemical processes, more detailed optical processes, local 
sources of runoff, and alternative shoreline stabilization techniques. For example, 
feedbacks on temperature-driven stratification associated with higher absorption of solar 
radiation in more turbid waters (Kim et al., 2020), more detailed flocculation of small 
particles into larger particles (Tarpley et al., 2019), organic content and fractal behavior 
of flocs (Fall et al., 2021), and more comprehensive nutrient fluxes at the sediment-water 
interface (Moriarty et al., 2021) could be investigated. Furthermore, although 
Kd−1 demonstrates high model skill (Table 2, Fig. 2), the empirical Kd equation used here 
was limited by the variables available in the CBP in situ dataset. Therefore, future work 
could incorporate a Kd formulation based on inherent optical properties, including the 
spectral contributions of dissolved substances (e.g., Clark et al., 2020), phytoplankton, 
inorganic sediments, and organic detritus to absorption and scattering. Another limitation 
of this study is that runoff containing sediment was only introduced at the riverine 
headwaters (Fig. 1). It is possible that local runoff of sediment and nutrients from the 
lower coastal plain, which were combined with headwater inputs in this study, may also 
affect local mainstem water clarity (Williams et al., 2010). Lastly, the effects of multiple 
shoreline alteration types on estuarine water clarity should be studied. Living shorelines 
are proposed as an alternative measure to stabilize coastlines while still allowing for 
some physical and biological connectivity (Bilkovic et al., 2016), yet estuary-scale water 




Finally, future work should consider other potential mechanisms for incongruous 
changes in Secchi depth and light attenuation depth. Counterintuitive water clarity change 
(Fig. 6) may stem from a shift in phytoplankton community composition and a concurrent 
change in the optical properties of the living cells and detrital material associated with 
different species. Related to phytoplankton communities, some research has shown that 
light limitation increases the likelihood of explosive phytoplankton growth upon greater 
light availability, creating a negative feedback loop on planktonic health (Buchanan, 
2020). This boom-and-bust pattern for light-limited estuarine plankton should be 
considered in future studies of changing light availability. Future models might also 
implement a dynamic link between decreased sediment loading and decreased seabed 
erodibility, i.e., an explicit link between bed erodibility and local sediment supply 
(Sanford, 2008) as these processes are likely driving water clarity change in a complex 
way. In the results of this study, distance from riverine inputs impacted the relative effect 
of shoreline erosion on clarity, yet riverine inputs were kept the same in all model runs 
for the purpose of specifically examining shoreline erosion effects. In terms of potential 
riverine impacts, changes in inorganic particle size distributions from riverine sources 
and shifts in the timing of inputs due to dam infilling (Palinkas and Russ, 2019; Russ and 
Palinkas, 2020) could alter the clarity-related behavior of suspended particles. 
 
5. Conclusions 
Using model experiments, this study investigated the estuary-wide impacts of 
shoreline armoring on water clarity in terms of suspended particle composition and two 
metrics of water clarity: attenuation depth and Secchi depth. In addition to shoreline 
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erosion, the modeling framework included realistic atmospheric forcing, physical 
processes, biogeochemical cycling, riverine inputs, and resuspension of seabed 
sediments. In situ cruise-based observations were used to evaluate model results. Our 
experiments showed that compared to conditions with high shoreline erosion, a 
Chesapeake Bay estuary with highly armored shorelines and associated reductions in bed 
erodibility would have widespread increased water clarity in terms of deeper Kd−1. The 
strongest clarity improvement occurred in the mid- to lower-Bay in dry years, i.e., at 
locations and times with lower influence of riverine sediment inputs. Yet, under certain 
conditions, highly armored shorelines resulted in shallower ZSD, especially during 
seasons and years with high organic matter production. Spatially, the region characterized 
by shallower ZSD and deeper Kd−1 was defined as the Organic Fog Zone. The extent of 
this Organic Fog Zone varied by season and year, depending on the timing and 
magnitude of nutrient inputs and organic production. In short, with decreased shoreline 
erosion sediment inputs, consequences on water clarity were sometimes counterintuitive 
due to organic matter processes in the estuary. Considering climate change and 
management efforts in context of the next century, impacts on water clarity may continue 
to be metric-dependent in the Chesapeake Bay. Questions for the future include: will the 
Organic Fog Zone expand spatially with future reductions in sediment inputs? Will a 
climate-driven shift in phytoplankton community composition affect ZSD and 
Kd−1 differently in a warmer Chesapeake Bay? Will changes in storm intensity and wind 
patterns further alter the resuspension of seabed sediments and influence water clarity? In 
the long-term, sufficient nutrient reductions may concurrently increase both water 
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transparency and light penetration for unambiguously clearer waters and improved 
ecosystem health. 
 
Data availability statement 
Model results are freely accessible and can be downloaded from the William & 
Mary ScholarWorks data repository corresponding to this article 
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Table 1. Characteristics of modeled inorganic particle components of FSS and detrital 
components of VSS. 











FSS Sand† 20 n.a. 0 0 
Silt-rich flocs 0.09 0.1 25.5 64.7 
Clay-rich flocs 0.09 0.03 19.1 177.1 
Unaggregated mud  0.09 0.012 19.1 9.94 
VSS Small detritus* 0.01 0.001 0 16.8^ 
Large detritus* 0.01 0.06 0 0 
† Sand is present in the seabed only to allow armoring to limit mud resuspension and is 
effectively never resuspended. 
*From Peterson (1999). 
^ Riverine input concentrations of organic particles in kg m-3 were computed from carbon 





Table 2. Reference run model-data comparison for surface water variables over the 
timeframe January 1, 2001 to December 31, 2005 for the 33 stations in the mainstem 
Chesapeake Bay. 
Variable Meanmodeled Meanobserved Bias* Nobs 
Salinity 14.96 14.06 0.90 2408 
Kd-1 (m) 1.28 1.72 -0.45 1967 
ZSD (m) 1.23 1.46 -0.24 2388 
FSS (mg L-1) 5.92 4.84 1.08 1387 
VSS (mg L-1) 3.53 3.16 0.38 982 
TSS (mg L-1) 9.45 8.08 1.38 2401 
Temperature 
(oC) 
15.93 17.26 -1.33 2408 








Fig. 1. Model grid, with large orange circles indicating the locations of river inputs and 
small red markers indicating locations of long-term monitoring stations used for model-
data comparison. Colorbar indicates surface flux of total sediment mass (mg m−2 s−1) as 





Fig. 2. Reference run model-data comparison for mean a-e dry year 2002 conditions 
and f-j wet year 2003 conditions, including variables a, f salinity, b, g attenuation depth 
(Kd−1), c, h Secchi depth (ZSD), d, i fixed suspended solids (FSS), and e, j volatile 
suspended solids (VSS) in surface waters. Circles indicate long-term averages of CBP 
monitoring cruise observations in surface waters (<2 m) in the mainstem region of the 






Fig. 3. February to April 2001 results of a-d More Shoreline Erosion run, e-h Highly 
Armored Shorelines run for a, e fixed suspended solids (FSS), b, f volatile suspended 





Fig. 4. Changes due to reduced shoreline erosion February to April 2001, 
including a Kd−1 effects and b ZSD effects in surface waters, in terms of the difference (Δ) 
between Highly Armored Shorelines minus More Shoreline Erosion. Blue colour in 
difference plots represents clearer water in terms of each metric. Zones c of clarity 
change are defined by the respective ΔKd−1 and ΔZSD shown in a and b. Zones in c are 
defined as: Enhanced Visibility Zone (yellow) with ΔKd−1 > 0 m (deeper) and 
ΔZSD > 0 m (deeper); Organic Fog Zone (green) with ΔZSD < 0 m (shallower). Colour 
scales in left two subplots were selected to highlight the central channel or mainstem of 
the Bay: in subplot a, ΔKd−1 ranged from 0.01 to 0.8 m; In subplot b, ΔZSD ranged from 
−0.14 to 0.7 m. Circles in c indicate stations CB4.2C and CB5.5, highlighting the 





Fig. 5. Time series of surface water effects at the typical a-c northern extent and d-
f southern extent of the organic fog zone, including a, d Kd−1, b, e ZSD, and c, 
f differences in both clarity metrics due to the removal of shoreline erosion, in terms of 
Highly Armored Shorelines minus More Shoreline Erosion. Green shading in bottom 
panels indicates the occurrence of an organic fog zone, i.e., with ΔZSD < 0 m. Lines were 











Fig. 6. Conceptual diagram of water clarity changes in an idealized across-estuary 
transect through the mid-Bay during times of high organic solids concentrations 
(February–April), in model runs a More Shoreline Erosion and b the Highly Armored 
Shorelines. Changes shown are particular to the Organic Fog Zone region in deep waters. 




Appendix A. Notation 
CBP Chesapeake Bay Program. 
ChesROMS-
ECB 
Chesapeake Bay ROMS Estuarine Carbon and Biogeochemical 
model. 
ERA5 ECMWF Re-Analysis, a climate reanalysis product generated by the 
European Centre for Medium-Range Weather Forecasts (ECMRW). 
ETM Estuarine turbidity maximum, the location near the head of the 
estuary in low salinity waters characterized by consistently high TSS 
concentrations. Defined spatially for Chesapeake Bay as waters from 
~39.1oN to 39.4 oN latitude. 
FSS Fixed suspended solids concentration (mg L−1), including ISS plus 
the mass fraction of organic suspended solids remaining on a filter 
after combustion, i.e., plankton ash content. 
ISS Inorganic suspended solids concentration (mg L−1), synonymous with 
mineral suspended solids (MSS) concentration. 
Kd Diffuse attenuation coefficient of photosynthetically active radiation 
(m−1). 
Kd−1 Attenuation depth, synonymous with optical depth or light 
attenuation depth. 
Mainstem Primary downstream segment of the Chesapeake Bay, including the 
central thalweg or transect of the Bay running from north to south 
and other surrounding non-tributary waters south of ~39.1oN latitude. 
PAR Photosynthetically active radiation. 
ROMS Regional Ocean Modeling System. 
Shoreline 
erosion 
Physical weathering of sediments from banks, cliff, beach, or 
marshes into adjacent waters. Synonymous with shore erosion and/or 
coastal erosion. 
SWAN Simulating WAves Nearshore model. 
TSS Total suspended solids concentration (mg L−1), comparable to 
suspended particulate matter (SPM) or total suspended matter (TSM). 
VSS Volatile suspended solids concentration (mg L−1), the components of 
organic solids which are volatilized during filter combustion at 
550 °C, calculated using the relation TSS = VSS + FSS. Used as a 
proxy for particulate organic matter (POM). 
Ws Vertical settling velocity of particles (mm s−1). 
z Depth (m). 
ZSD Secchi disk depth (m). Used in the context of transparency and 
visibility. 







Appendix B. Supplementary data 
The following information was provided with the published paper Supplementary 
Material for: Turner, J.S., St-Laurent, P., Friedrichs, M.A.M., & Friedrichs, C.T. 2021. 
Effects of reduced shoreline erosion on Chesapeake Bay water clarity. Science of the 
Total Environment. https://doi.org/10.1016/j.scitotenv.2021.145157  
 
Supplementary Material Equations 
In the Regional Ocean Modeling System (ROMS) hydrodynamic model, overall 
attenuation of light energy in the visible and near infrared (400-1000 nm) was computed 
using the double exponential function (Paulson and Simpson, 1977): 
 𝐼(𝑧) = 𝐼(0) ∗ [	𝑅 ∗ 𝑒
6
7! +	(1 − 𝑅) ∗ 𝑒
6
7" 	] (S2) 
where I(0) is incident solar radiation at the water surface (W m-2), z represents depth 
(meters) referenced to the sea surface with greater depths being negative values below the 
sea surface, R is a best-fit parameter describing fraction of total radiance as a function of 
Jerlov water type, and V1and V2 are best-fit parameters describing attenuation length scale 
for near-infrared and visible solar radiation, respectively. Jerlov coastal water type 5 
representative of the conditions found in the Black Sea (ROMS notation WTYPE=8) is 
used in the present study (Jerlov, 1976; Stips, 2010). In the Estuarine Carbon and 
Biogeochemistry (ECB) biogeochemical model embedded within ROMS, PAR (400-700 
nm) was computed as: 
 𝑃𝐴𝑅(𝑧) = 𝐼(𝑧) ∗ 𝑃𝐴𝑅%$&' (S3) 
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where PARfrac represents the visible portion of the total radiation, assumed to be 0.43 in 
this study (Fasham et al., 1990). The diffuse attenuation coefficient (Kd) is the decrease 
of PAR with depth: 
 𝑑𝑃𝐴𝑅
𝑑𝑧 = 	𝐾!







I Solar radiation (W m-2) 
z Depth (m), negative relative to surface z=0m. 
R Best-fit parameter describing fraction of total radiance, function of Jerlov 
water type 
V1 Best-fit parameter describing attenuation length scale for near-infrared solar 
radiation 
V2 Best-fit parameter describing attenuation length scale for visible solar 
radiation 
PAR Photosynthetically active radiation (400-700 nm) 
Kd Diffuse light attenuation coefficient of PAR (m-1) 
ECB Estuarine Carbon and Biogeochemistry model 
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Table S1 Long-term mean annual sediment inputs 1985-2014 from the Chesapeake Bay 
Watershed Model Phase 6 (Cerco and Noel, 2017; Easton et al., 2017; Shenk and Linker, 
2013) 
Source Sediment loading  
(109 kg yr-1) 
Percent of total 
Susquehanna River 2.61 20% 
Potomac River 1.34 10% 
All other rivers 5.25 39% 








Table S2 Mean and median daily sediment inputs 2001-2005 in terms of total inputs to 
the Chesapeake Bay. 
Size class 
 
Sediment Input (kg s-1) 




Experiment: All model 
runs 
Reference Run More Shoreline 
Erosion 
Silt-rich flocs Mean 64.7 25.5 50.9 
Median 1.17 13.6 27.2 
Clay-rich flocs Mean 177.1 19.1 38.2 
Median 14.3 10.2 20.4 
Unaggregated 
mud 
Mean 9.94 19.1 38.2 
Median 7.99 10.2 20.4 
Total Mean 251.9 63.7 127.3 




Table S3 Model-data comparison for No Ballasting run vs. Reference Run relative to 
observations for surface water clarity variables 2001-2005 for 33 mainstem stations.  
Variable Meanobserved Nobs 
No Ballasting Run Reference Run* 
Meanmodeled Bias** Meanmodeled Bias** 
Kd-1 (m) 1.72 1967 1.20 -0.53 1.28 -0.45 
ZSD (m) 1.46 2388 1.15 -0.32 1.23 -0.24 
FSS (mg L-1) 4.84 1387 8.34 3.5 5.92 1.08 
VSS (mg L-1) 3.16 982 3.57 0.41 3.53 0.38 
TSS (mg L-1) 8.08 2401 11.9 3.83 9.45 1.38 
* The Reference Run included enhanced particle sinking rates at high TSS concentrations 
(ballasting effect). 







Table S4 Interannual reference run model-data comparison of annual surface water (< 2 
m) mean values for attenuation depth (Kd-1), Secchi depth (ZSD), and total suspended 
solids (TSS).  
Variable Year Mean modeled 
Mean 
observed Bias* Nobs 
Kd-1 (m) 
2001 1.68 1.91 -0.23 408 
2002 1.62 1.68 -0.07 378 
2003 0.98 1.22 -0.25 366 
2004 0.92 1.48 -0.55 433 
2005 1.20 1.22 -0.02 388 
ZSD (m) 
2001 1.49 1.80 -0.31 469 
2002 1.48 1.72 -0.24 433 
2003 1.04 1.23 -0.20 466 
2004 0.99 1.34 -0.36 521 
2005 1.15 1.26 -0.11 499 
TSS (mg L-1) 
2001 6.87 6.98 -0.11 478 
2002 7.39 7.37 0.03 443 
2003 10.46 8.44 2.02 471 
2004 12.13 8.47 3.66 528 
2005 10.42 9.01 1.41 507 
*Bias is calculated as Meanmodeled  - Meanobserved.  
 
 124 




Fig. S1 Initial seabed grain size conditions consistent with observations. a Initial grain 
size distribution from Moriarty et al. (2017; 2021), and b observed grain size over 





Fig. S2 Seabed stresses generated by the present implementation of ChesROMS-ECB 
including the sediment module and wind-generated waves, including a wave- and b 
current-induced bed stresses. Values shown are the annually-averaged bed stress 








Fig. S3 Ballasting effect, showing the change in simulated particles’ settling rates (WS) as 
a function of increasing surface water total suspended solids (TSS) concentration. 
Squares and circles indicate inorganic and organic particles respectively (see main text 





Fig. S4 In situ vs. predicted a Kd and b ZSD using empirical equations. Color indicates 
distance down-estuary, with red points corresponding to stations in the upper Bay, yellow 
and green points indicating stations in the mid-Bay, and blue points corresponding to 
stations in the lower Bay. Plotted points include data from 1985-2019. Empirical 
equations were developed using data from 1998-2019 to avoid TSS data issues. “In situ” 
values are cruise values of Kd and ZSD  taken directly from the CBP database. “Predicted” 
values from the empirical equations shown on the y axes in this figure are applied to 
model results (see Section 2.2.4). Bias (calculated as meanestimated - meanobserved) for Kd 




Fig. S5 Reference run model-data comparison of seasonal averages 2001-2005 for a, f 
salinity, and b, f attenuation depth (Kd-1), c, h Secchi depth (ZSD), d, i fixed suspended 
solids (FSS), and e, j volatile suspended solids (VSS) in surface waters.  Circles represent 
long-term averages of CBP monitoring cruise observations at 33 stations in surface 
waters of the Bay mainstem for a-e February 1-April 30 and f-j May 1-August 31 
averaged over the years 2001-2005. (See main text Fig. 2 for related model-data 




















• Since 2003, MODIS-Aqua red-to-green and red-to-blue band ratios decreased, 
suggesting improving water clarity from the early 2000s to 2020. 
• Green reflectance and green-to-blue band ratios increased in the lower Bay, 
suggesting larger contribution of phytoplankton since 2003. 
• Algorithm selection is critical to long-term change studies in estuaries, as trends 
were not found for many commonly used ratios. 
 
Abstract 
While ecosystem health is improving in many estuaries worldwide following 
nutrient reductions, inconsistent trends in water clarity measurements often remain. The 
Chesapeake Bay, a highly populated eutrophic estuary, is a crucial testbed for these 
concerns. Improved efforts are needed to understand why some measurements of 
downstream estuarine water clarity appear to be uncorrelated with watershed 
management actions, and multiple metrics of clarity are needed to address this issue. To 
complement in situ measurements, satellite remote sensing now provides an additional 
measurement platform to assess decadal change in water clarity. In this study, remote 
sensing reflectance (Rrs) from the Moderate Resolution Imaging Spectroradiometer on 
satellite Aqua (MODIS-Aqua) was evaluated from 2003-2020 at multiple wavelengths 
and spatial resolutions for surface waters of the Chesapeake Bay. Trends show an overall 
long-term darkening (decreased Rrs) in the upper estuary for all wavelengths, yet 
brightening (increased Rrs) in the lower estuary for green wavelengths. Trends in band 
ratios show long-term decreasing red-to-green and red-to-blue ratios, yet long-term 
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increasing green-to-blue ratios. These trends are generally consistent with the fact that the 
system has experienced a long-term reduction in TSS concentration without seeing a 
systematic reduction in chlorophyll-a concentration.  
 
Plain Language Summary 
In many estuaries around the world, waters have become less clear over time 
because of nutrient and sediment pollution. Watershed management efforts have reduced 
the delivery of nutrient and sediment from land in recent decades. Through these 
management efforts, some estuaries are showing improvements such as more seagrass 
and higher oxygen levels; however, the water in the estuary does not always appear 
clearer. The Chesapeake Bay is one such region where some measurements of water 
clarity are not improving, even though the ecosystem is recovering. To better understand 
these counterintuitive results, we used satellite imagery to measure temporal change in 
water clarity over the last 18 years. Satellites provide snapshots of surface water color 
and cover a large area with frequent repeats in time. From 2003 to 2020, We analyzed 
long-term trends in surface water reflectance, or the brightness of the water at specific 
colors of visible light. We also analyzed the change over time in ratios between colors, or 
reflectance ratios. Reflectance ratios are often used to estimate common water quality 
variables, such as light attenuation, chlorophyll concentration, and particle 
concentration.  Our results show that the upper Bay has become darker over time in all 
colors, and the lower Bay has become brighter in the green range. There has been a 
decrease in red-to-green and red-to-blue reflectance ratios, suggesting improving water 
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clarity over time in most of the Bay. However, green-to-blue reflectance ratios suggest 
increasing chlorophyll concentration.   
 
1. Introduction 
Studying decadal change in water clarity in estuaries is an integral part of 
assessing improvements from historically polluted conditions. Light availability in 
estuaries is a critical driver of primary production and ecosystem health, shaping 
important nursery habitats such as seagrass meadows, coral reefs, and oyster reefs. Low 
water clarity is often concurrent with pathogens and harmful algal blooms, impacting 
fisheries and human health. Some of the world’s estuaries have experienced widespread 
eutrophication and degraded water clarity, such as the Chesapeake Bay, the Baltic Sea, 
and the Wadden Sea (van Beusekom, 2005; Cloern, 2001; Dupont & Aksnes, 2013; 
Kemp et al., 2005). Other estuaries have recovered from past degradation and 
experienced improved water clarity conditions in recent decades, such as Tampa Bay, the 
San Francisco Bay, Danish estuaries and coastal waters, and the Black Sea (Boesch, 
2019; Cloern & Jassby, 2012; Greening et al., 2014; Sherwood et al., 2016). In recovered 
areas, the positive effects of watershed management actions mandated to reduce sediment 
and nutrient inputs and increase light availability for aquatic plants are now being seen. 
Even so, despite nutrient reductions and related improvements in ecosystem conditions 
(higher oxygen concentrations, increased seagrass area), in many estuaries, some water 
clarity monitoring measurements still do not align with watershed cleanup efforts 
(Boesch, 2019; Buchanan, 2020; Duarte et al., 2009).  
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The Chesapeake Bay serves as a prime case study for past estuarine 
eutrophication, recent improvements, and inconsistent clarity response requiring further 
analysis. In this estuary, water clarity is used in regional watershed management 
alongside chlorophyll-a (Chl-a) and oxygen to assess the health of the estuary (Tango & 
Batiuk, 2013), and watershed sediment and nutrient inputs are both actively managed for 
reduction (Shenk & Linker, 2013). The results of in situ clarity change measurements 
following cleanup have been inconsistent: the Chesapeake Bay has experienced multiple, 
sometimes divergent, historical trends in water clarity. Despite extensive water quality 
management efforts and recent documentation of reductions in riverine nutrient inputs 
(Lefcheck et al., 2018; Q. Zhang et al., 2018), Secchi disk depth declined in the 
Chesapeake Bay from the 1980s to the 2000s (Gallegos et al., 2011; Harding et al., 2016; 
Testa et al., 2019; Williams et al., 2010; Q. Zhang et al., 2015). Current knowledge of 
water clarity from in situ observations fails to explain these incongruities. It is crucial that 
we understand the causes of discrepancies between management actions and water clarity 
results in the Chesapeake Bay. To this end, a more thorough understanding of the spatial 
and temporal patterns in water clarity metrics – including remote sensing reflectance – is 
needed. While in situ data are limited by spatial coverage, cruise frequency, and methods 
changes (Bever et al., 2013; Williams et al., 2010), remote sensors have been measuring 
surface reflectance for multiple decades and thus can substantially complement in situ 
programs. 
The Chesapeake Bay has served as a testbed for remote sensing research for the 
last 40 years (Shelley, 1976; Son et al., 2014; Son & Wang, 2012, 2015; Stumpf, 1988; 
Stumpf & Pennock, 1989; Tzortziou et al., 2007; M. Wang et al., 2009; M. Wang & 
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Jiang, 2018; Werdell et al., 2009; Williamson & Grabau, 1973). Applications of water 
quality remote sensing have included: seasonal variability of dissolved organic carbon 
(DOC) retrievals (Mannino et al., 2008, 2014), DOC export to the coastal ocean 
(Signorini et al., 2019), the relationship between tidal energy and water clarity at the Bay 
mouth (Shi et al., 2013), timing of high Chl-a preceding low oxygen in the mainstem Bay 
(Zheng & DiGiacomo, 2020), and multi-sensor analysis of sediment plume trajectories in 
the upper Bay estuarine turbidity maximum (Zheng et al., 2015). Past studies have 
demonstrated effective use of the Moderate-resolution Imaging Spectroradiometer on 
NASA Earth Observation satellite Aqua (MODIS-Aqua) to estimate water quality 
variables in the mainstem Chesapeake Bay, including light attenuation (Kd), total 
suspended solids (TSS), Chl-a, absorption by colored dissolved organic matter (aCDOM), 
and DOC, albeit with a range of uncertainties (Table 1). MODIS studies in the relatively 
bright, turbid Chesapeake Bay have included land bands, wavelengths at which image 
collection is optimized for bright land surfaces, in addition to traditional ocean bands, 
which are optimized for dark water surfaces (Feng et al., 2018; Franz et al., 2006).  
In general, remote sensing reflectance (Rrs) patterns across the visible 
wavelengths (400-700 nm), i.e., Rrs spectra, illustrate the apparent color and brightness 
of water bodies depending on concentrations of constituents CDOM, phytoplankton, and 
other particles (including organic detritus and mineral sediments). Briefly, CDOM 
absorbs light in blue wavelengths (Hawes, 1992; Kirk, 1994), phytoplankton pigments 
absorb in the blue and red while fluorescing in the red-to-near-infrared (Bidigare et al., 
1990), and particles scatter light at all wavelengths (Vaillancourt et al., 2004; Babin et al., 
2003; Morel and Prieur, 1977). Moving from brighter blue-colored ocean waters to 
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coastal waters, theoretically, an increase in CDOM alone “darkens” the water and lowers 
Rrs, an increase in phytoplankton alone “darkens” the water slightly and lowers Rrs, and 
an increase in sediments alone “brightens” the water and increases Rrs. However, in 
estuaries CDOM, phytoplankton, and sediments co-occur, shifting the peak Rrs values 
into the green and red portions of the visible spectrum compared to the open ocean 
(Roesler and Perry, 1995). In moderately-turbid estuaries like the Chesapeake Bay, red 
wavelengths (~640-660 nm) are most commonly used to estimate suspended sediments or 
TSS concentrations due to the relatively lower influence of phytoplankton and CDOM in 
this red portion of the visible spectrum. Surface water color varies in the Bay from green 
to yellow-red or brown related to where the peak Rrs value is located in the visible 
spectrum. For example, in the somewhat darker central channel of the Chesapeake Bay, 
surface waters experience peak Rrs values in the green wavelengths with a relatively low 
maximum Rrs (Tzortziou et al., 2007), while in the more turbid sediment-rich tributary 
rivers, surface waters experience peak Rrs values in the yellow-to-red wavelengths with a 
higher maximum Rrs. 
Of the past approaches estimating Chesapeake Bay water clarity from remote 
sensing, the most widely used method involves the MODIS high-resolution land band at 
250m resolution for the 645 nm wavelength (Aurin et al., 2013; Crooke et al., 2017; 
DeLuca et al., 2018; Hasan & Benninger, 2017; Ondrusek et al., 2012). In the present 
study, we consider more wavelengths and band ratios in addition to this widely-used 
MODIS red-band approach. While most past studies focused on derived variables, 
uncertainties were high, as the use of derived variables may mask important particulate, 
planktonic, and dissolved contributions to long-term trends (Zheng & DiGiacomo, 2017). 
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Rrs values themselves have been used in other estuaries to study general patterns (Tao & 
Hill, 2019), thus the Rrs approach is used in the present study for Chesapeake Bay to 
further discern change over time.  
To date, there have been few studies of long-term change in Chesapeake Bay 
water clarity using satellite remote sensing reflectance data. Satellite estimates have been 
established for many water quality variables using multiple algorithms for the Bay, and 
retrieval of those variables has been well-documented; however, these data are not often 
used to answer science questions about temporal trends in the mainstem Bay. Change 
over time has been heavily studied using in situ cruise observations, yet long-term change 
in satellite-derived clarity indices has been limited to red-green Chl-a (Le et al., 2013), 
briefly noted for Rrs(645)-based clarity estimates (Crooke et al., 2017), and analyzed for 
mid-Bay Rrs(555) (Gallegos et al., 2011). Trend analysis in Chesapeake Bay has been 
heretofore unacknowledged for satellite Rrs at multiple bands and band ratios. Past 
studies of long-term trends in satellite-derived water quality, though useful, only 
extended to the early 2010s, missing the recent years characterized by continued 
improvements in watershed management.  
The objective of this work is to quantify water clarity change in the Chesapeake 
Bay mainstem over the past two decades using Rrs and band ratios from MODIS-Aqua 
based observations. Since the goal of the proposed work is primarily to examine the 
magnitude and direction of any impactful long-term temporal trends, the absolute 
accuracy and precision of water clarity variable estimates are less important than overall 
patterns. That is, trends and patterns in the remote sensing data are useful in answering 
our research questions despite some potential biases in the values themselves. We aim to 
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answer the questions: How have Chesapeake Bay Rrs(l) and band ratios evolved over the 
last two decades? What do common and/or distinct trends found among groups of bands 
and ratios suggest in the context of long-term change with regards to water clarity? 
Answering these questions will allow us to better understand how major contributions to 
Chesapeake Bay water clarity, such as band ratios commonly associated with TSS, Kd, 
and Chl-a, have changed over the last 18 years. 
 
2. Methods 
2.1. In situ Rrs data 
Field observations in the mainstem Chesapeake Bay were obtained from the 
SeaWiFS Bio-optical Archive and Storage System (SeaBASS) (Werdell et al., 2003; 
Werdell & Bailey, 2002). In situ, Rrs at the water surface was quantified from concurrent 
values of upwelling radiance and downwelling irradiance, using two connected 
radiometers pointing downward into the water column and upward at the sky, 
respectively. Thus, Rrs is the surface ratio of upwelling radiance emerging from water to 
downwelling radiative flux in air (Mobley et al., 2005; O’Reilly et al., 1998). Because 
upwelling radiance is measured at a specific angle and downwelling irradiance is 
measured on a flat plane receiving light from a half-hemispherical area above the water 
surface, Rrs has units of steradians (sr-1). In situ Rrs measurements were reported from a 
wide range of times and locations throughout the mainstem Bay, including multiple 
seasons, spanning the years 2005 to 2014 (Fig. 1; Table 2).  
2.2. Satellite Rrs data 
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MODIS-Aqua satellite data from January 2003 to December 2020 were used to 
study long-term trends in Rrs (Table 3). Aqua is a polar-orbiting NASA Earth 
Observation satellite, local ascending at the equator, with a 1:30pm local standard time 
overpass. MODIS ocean bands (bands 8-14) have high gain settings in order to sense the 
characteristics of dark water bodies. In contrast, the land bands used here (bands 1, 3, 4) 
have lower gain settings to detect brighter features on land, but can be used in brighter 
inland and coastal water bodies (Feng et al., 2018; Franz et al., 2006). Rrs at the water 
surface must be calculated from the sensor measurement of total radiance exiting the top 
of Earth’s atmosphere through a process of atmospheric correction to remove the 
contributions of aerosols in Earth’s atmosphere (Ahmad et al., 2010; Gordon & Wang, 
1994).  After additional corrections to remove sun glint, whitecaps, and other artefacts, 
less than 10% of top-of-atmosphere reflectance is contributed by the ocean (Kirk, 1994; 
Martin, 2014).  
Data were processed from instrument data (Level-1; see Appendix A) through 
atmospherically corrected and spatially-binned data (Level-3) using a custom merging 
method following Aurin et al. (2013). Traditional atmospheric correction in highly turbid 
waters may cause data loss. In turbid estuaries, lakes, and rivers, bright sediment-laden 
waters alias as atmospheric haze or clouds due to high emission in the infrared.  In these 
environments, standard near-infrared atmospheric correction biases aquatic retrievals 
toward low-turbidity conditions and underrepresents the available data. In the 
Chesapeake Bay, standard processing would thus “miss” many images of conditions 
following storm events where high winds and/or strong precipitation caused especially 
turbid (i.e., “bright”) conditions in surface waters (Fig. S1). Therefore, in the present 
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study a custom atmospheric correction merging method was performed using both 
shortwave infrared and near-infrared to ensure that the high-turbidity data were included 
in the analysis. Following the methods of Aurin et al. (2013), we used two atmospheric 
correction methods, shortwave infrared for high-turbidity and near-infrared for low-
turbidity pixels, to process each scene into Rrs values (analysis-ready but not spatially 
binned; i.e., Level-2), using each separate method and then merging those scenes. For 
high-turbidity processing, we added the mode offset for non-high-light pixels back to 
each entire scene (Aurin et al., 2013). The present study diverged from Aurin et al. 
(2013) in that the median negative offset was not added back to Level-2 low-turbidity 
scenes, as it caused misalignment of Rrs values for the same band at different spatial 
resolutions (e.g., 555 nm). Spatially, high-turbidity and low-turbidity Rrs were processed 
to Level-2 at the nominal spatial resolution of each band. Rrs(645) was processed to all 
spatial resolutions (250m, 500m, and 1km) in order to facilitate the merging method. At 
all spatial resolutions, scenes were merged along spatial guidelines set by a Rrs(645) 
threshold value of 0.01 sr-1 by adding the low-turbidity pixels to the high-turbidity scene 
for pixels with Rrs(645) < 0.01 sr-1 to create the merged (Level-2B) scene. Using these 
merging methods, up to twice as many scenes per month could be included in monthly 
averages (Fig. S1). Custom-processed Level-2B Rrs(l) scenes were binned to Level-3 
monthly composites at the respective spatial resolutions for each band to facilitate trend 
analysis over a consistent spatial grid. 
Although many scenes were excluded from the dataset due to clouds and other 
artefacts, no marked seasonal bias in cloud cover was found. Approximately 4 to 8 scenes 
were included in each monthly composite (Fig. 2). The number of points in monthly 
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composites showed only very small variation between spatial resolutions, quantified by 
comparing Rrs(645) level-3 mapped images for 250m, 500m, and 1km spatial 
resolutions. The slight decrease in points per month with coarsening spatial resolution 
was most relevant to coast-adjacent pixels (Fig. 3), for which long-term trends were not 
analyzed in the current study. Spatially, analysis focused on the mainstem Bay and lower 
reaches of the large tributary rivers (Fig. 1). Satellite data points < 750 m from shore and 
in smaller tributaries were excluded; some points farther from shore were also excluded 
due to additional data quality control, such as partial to full cloud cover, especially at 
1km spatial resolution. 
Validation of MODIS-Aqua Rrs for the Chesapeake Bay region was performed 
using SeaBASS data spanning years from 2005 to 2013 (Sect. 2.1; Table 2). In situ Rrs 
validation data points were all collected within 6 hours of a MODIS-Aqua overpass. 
Satellite Rrs at station locations were extracted via spatial matchup windows depending 
on the spatial resolution of the relevant wavelengths, using an aerial coverage of 
approximately 1.6, 2.25, and 1 km2 for the three respective spatial resolutions 250m, 
500m, and 1km. Rrs values were compared by individual bands at each wavelength’s 
nominal spatial resolution (Table 4; Fig. 4) and at 1km (Fig. 5). Metrics for satellite skill 
assessment included the mean ratio, bias, mean absolute error, root mean squared error, 
mean absolute percent difference, and correlation coefficient (See Supporting 
Information S1). Comparison with in situ Rrs revealed generally close matches between 
satellite Rrs and in situ data. Overall satellite Rrs slightly underestimated in situ Rrs, with 
overestimation in the blue wavelengths (< 488 nm) and underestimation in the green 
through red wavelengths (> 488 nm) (Table 4, Fig. 5). Skill was high for specific single 
 
 141 
bands. For example, the closest match to in situ Rrs was measured at 488 nm and 645 nm 
(Fig. 5). There was a small effect of spatial resolution on skill of satellite Rrs retrieval. 
Although satellite Rrs(645) was consistently lower than in situ Rrs(645), skill of satellite 
Rrs(645) decreased with coarsening spatial resolution (Table 4). 
2.3. Calculation of long-term trends  
Monthly composite images were used for trend analysis to maximize spatial 
coverage and to maintain consistent sampling intervals for each year. Analysis of trends 
in single bands used the nominal spatial resolution of each band, while trends in band 
ratios used the coarsest common spatial resolution of each wavelength pair. For example, 
Rrs(555)/Rrs(645) trends were calculated at 500m spatial resolution (the coarsest spatial 
resolution of those two bands), while trends in most band ratios such as 
Rrs(667)/Rrs(488) were calculated at 1km spatial resolution.  At each wavelength and for 
each band ratio, spatially-explicit trends were calculated for spatially binned and mapped 
pixel locations (Level-3 data) that contained data for > 80% of the months in the time 
series from 2003 to 2020, i.e., > 173 of 216 monthly images. Trends were calculated as 
linear regressions using the slope of the least squares fit (i.e., Greene et al., 2019). 
Meaningful trends were assigned using 90% confidence (p < 0.1). Trends in all band 
ratios were examined; however, certain band ratios were examined more closely if the 
trends were both large in magnitude (greater than or equal to +/- 0.0015 yr-1) and 
meaningful over a substantial area of the Bay (greater than or equal to 20% of the pixels 
analyzed showed trends where p < 0.1).  
MODIS is well suited for time series analysis despite the potential sensor drift 
and/or increased noise associated with its extended time in orbit. MODIS has been used 
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for time series analysis in estuaries, lakes, and coastal waters such as (to name just a 
few): the Columbia River Estuary (Hudson et al., 2017), the coastal waters of the 
northern Gulf of Mexico (Reisinger et al., 2017), the Patos Lagoon in Brazil (Tavora et 
al., 2019), fjords in Svalbard (Payne & Roesler, 2019), the Bohai Sea (Shang et al., 
2016), and Minnesota lakes (Knight & Voth, 2012). MODIS-Aqua is collecting data in 
orbit past its expected performance lifetime, yet studies show that the sensor still has 
sufficient signal to noise ratio and the solar bands are still well-calibrated for all visible 
wavelengths (S. Lee et al., 2019; Xiong et al., 2020).   
 
3. Results 
3.1. Change over time in Rrs(l) single bands 
Generally, Rrs at all wavelengths decreased over time in the upper Bay and 
increased over time in the lower Bay, although the spatial extent, magnitude, and 
meaningfulness of those trends varied among wavelengths (Fig. 6). For the 412 nm band, 
the upper Bay region saw substantial long-term decreases in Rrs, with the region of 
decreasing Rrs extending down-estuary to the Rappahannock River mouth. However, 
Rrs(412) in the lower Bay increased over time at scattered locations near the eastern 
portion of the lower Bay and Bay mouth (Fig. 6a). Rrs(443) and Rrs(469) similarly 
decreased over time in the upper Bay, with the region of long-term decrease extending to 
the latitude of the Potomac River mouth, not quite as far south as the decrease in 
Rrs(412). Rrs(443) showed a long-term increase in the lower Bay from the Bay mouth 
up-estuary on the eastern side of the Bay to Tangier island (Fig. 6b). Increases over time 
in Rrs(469) were found near the Bay mouth (Fig. 6c), though not as spatially extensive as 
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the increases found for Rrs(443) or Rrs(488). For blue wavelengths (412, 443, and 469 
nm) long-term decreases were also seen in the lower Potomac River. Rrs(488) decreased 
in the upper Bay, followed by an area of no trend, with an additional small region of 
decreasing Rrs(488) at the latitude of the mouth of the Patuxent River. Larger magnitude 
(>0.0001 sr-1 yr-1) increases in Rrs(488) were found for most of the lower Bay, extending 
spatially up-estuary to Tangier Island and reaching east-to-west across most of the 
mainstem Bay (Fig. 6d).  
In the green wavelengths, upper Bay decreases and lower Bay increases in 
Rrs(531,547,555) (Fig. 6e-g) closely resembled spatial patterns in Rrs(488), except all 
three green wavelengths additionally showed a region of substantial long-term increase in 
Rrs in the lower James River. In the red, decreases in Rrs(645) were found in the upper 
Bay extending down-estuary to just above the Choptank River mouth, with an additional 
small region of decreased Rrs(645) level with the mouth of the Patuxent River. Most of 
the lower Bay did not show any substantial trend in Rrs(645), except for a region of 
large-magnitude decrease in the James River (Fig. 6h). Rrs(667) and Rrs(678) showed a 
few decreasing areas in the upper Bay, a few increasing areas near the Bay mouth, yet 
overall few meaningful trends (Fig. 6i, 6j).  
For trends in Rrs(469), Rrs(555), and Rrs(645), spatial resolutions (500 m vs. 1 
km for 469 and 555 nm; 250 m vs. 500 m vs. 1 km for 645 nm) marginally influenced the 
magnitude of long-term trends, but not enough to markedly influence results (Fig. S2). In 
short, a darkening (lower Rrs over time) was found for the upper Bay and in the lower 
portions of some tributaries, especially at 469nm, while a brightening (higher Rrs over 
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time) was found for the lower Bay Rrs, particularly at the green wavelengths (488, 531, 
547, and 555 nm).  
3.2. Change over time in band ratios  
 Band ratios showed a wide range of results, with many indicating heterogeneous 
spatio-temporal patterns. Overall, multiple red-to-green ratios and red-to-blue ratios 
showed consistent, spatially widespread (greater than or equal to 20% of area analyzed) 
decreases (Fig. 7), while some green-to-blue ratios showed general long-term increases 
(Fig. 8). Strong temporal trends (median trend greater than or equal to +/- 0.0015 yr-1) 
were found throughout the mainstem Bay for eight red-to-green band ratios, three red-to-
blue ratios, and four green-to-blue ratios (Table 5). 
Long-term decreases were found throughout the mainstem Bay for eight red-to-
green band ratios (Fig. 7a to 7h). The largest magnitude and most spatially widespread 
decreases of these eight ratios were Rrs(645)/Rrs(531) (Fig. 7h), Rrs(645)/Rrs(547) (Fig. 
7e), and Rrs(678)/Rrs(547) (Fig. 7c). Many red-to-green ratios showed spatial patchiness, 
with meaningful decreases adjacent to regions of slight long-term increase. For example, 
Rrs(667)/Rrs(547) showed a meaningful decrease in the lower Bay yet some adjacent 
patches of slight long-term increase at the Bay mouth (Fig. 7d).  
Similarly, long-term decreases for three red-to-blue ratios were observed (Fig. 7i 
to 7k). The largest magnitude decrease (< -0.005 yr-1) was seen for Rrs(645)/Rrs(488), for 
which the region of long-term decrease extended from the Bay mouth up-estuary to the 
eastern Bay above the Potomac River mouth (Fig. 7i). Rrs(667)/Rrs(488) and 
Rrs(678)/Rrs(488) exhibited spatial patchiness in long-term trends, showing meaningful 
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but small-magnitude decreases for the lower Bay between the York and Potomac River 
mouths (Fig. 7j, 7k).  
In contrast, long-term increases were observed for four green-to-blue ratios (Fig. 
8). Of these four increasing green-to-blue band ratios, the trend in Rrs(488)/Rrs(469) was 
by far the largest in magnitude (> 0.005 yr-1) and most spatially widespread, reaching 
from the Bay mouth through almost the entire estuary, with an up-estuary extent above 
the Choptank River with a small region of additional meaningful increase near the mouth 
of the Chester River (Fig. 8c). Rrs(531)/Rrs(469) was also large in magnitude for the 
lower Bay, but less meaningful in the upper Bay (Fig. 8b). Both Rrs(555)/Rrs(469) and 
Rrs(547)/Rrs(469) were spatially patchy in that regions of meaningful increasing trends 
were sometimes adjacent to regions with no trends (Fig. 8a, 8d). 
Results showed seemingly contradictory findings for single bands vs. associated 
ratios. Substantial trends in band ratios sometimes resulted from opposing trends in 
Rrs(l), even if opposing single-band Rrs(l) trends were small in magnitude or not 
meaningful. For example, for the red-to-blue ratio Rrs(645)/Rrs(488), a strong decrease 
over time was found in the lower Bay (Fig. 7i). In some locations, this strong decrease 
was associated with a slight increase in Rrs(488) (Fig. 6d) corresponding with a 
negligible, not meaningful decrease in Rrs(645) (Fig. 6h), such as at the station located 
just south of Tangier Island in the eastern lower Bay, where a decreasing trend over time 
is observed in Rrs(645)/Rrs(488) (Fig. 9).  
The use of different spatial resolutions for analysis slightly influenced resulting 
temporal trends in band ratios, but never changed their sign. For Rrs(645)/Rrs(555), the 
median trends were -0.002 and -0.0019 yr-1 for 1 km and 500 m spatial resolutions, 
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respectively. For Rrs(555)/Rrs(469), the median trends were 0.0028 yr-1 and 0.0024 yr-1 
for 1 km and 500 m resolutions. Although the absolute magnitudes of both trends were 
slightly greater for the 1 km spatial resolution, both the long-term decrease in 
Rrs(645)/(555) (Fig. 7b) and the long-term increase in Rrs(555)/Rrs(469) (Fig. 8a) were 
found to be similar in magnitude and similarly meaningful at 1 km vs. 500 m resolutions 
(Figure S3).   
 
4.Discussion 
4.1 Relevance to water clarity measurements 
The red-band approach has historically been the most widely used index of water 
clarity for estuaries having similar turbidity conditions as the Chesapeake Bay (Crooke et 
al., 2017; DeLuca et al., 2018; Hudson et al., 2017; Ondrusek et al., 2012; Stumpf & 
Pennock, 1989). Our findings using this red-band approach at 250 m (Fig. 6h) suggest 
that clarity is improving more substantially in the upper Bay than the lower Bay.  
Red-to-green ratios have been used in past estuarine studies to estimate water 
clarity metrics such as Chl-a, TSS, and turbidity (Table 6). Le et al. (2013) used a “red-
green chlorophyll index (RGCI)” based on the ratio Rrs(667)/Rrs(531), which was also 
later employed by Ioannou et al. (2014) and Abbas et al. (2019). In our study, we found 
that the relevant band ratio for this RGCI has decreased over time in the lower Bay, albeit 
again with some spatial heterogeneity (Figure 7g). Reisinger et al. (2017) used the red-to-
green ratio Rrs(645)/Rrs(555) to estimate TSS in order to analyze a long time series in 
the coastal waters of the northern Gulf of Mexico. The corresponding ratio in our study 
(Fig. 7b) showed spatially widespread decreases over time for the mainstem Chesapeake 
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Bay, especially between the mainstem and eastern Bay south of the Patuxent River and 
north of the mouth of the James. Wang et al. (2021) analyzed turbidity in the Pearl River 
estuary using ratios Rrs(645)/Rrs(555) and Rrs(678)/Rrs(531), which in our results both 
show long-term decreases (Fig. 7b, 7f). Together, our findings suggest a potential 
improvement in water clarity over time according to red-to-green Rrs band ratios.  
Red-to-blue ratios have also previously been used to estimate Kd and TSS in 
coastal waters (Table 6). Wang et al. (2009) estimated a Kd(490) product for coastal 
waters based on the underlying band ratio Rrs(667)/Rrs(488), which Son and Wang 
(2012) calibrated to in situ TSS-Kd relationships to estimate Chesapeake Bay TSS with 
relatively high skill (Table 1; Table 6). Siswanto et al. (2011) independently used the 
same band ratio, Rrs(667)/Rrs(488), to estimate TSS in the East China Sea. In the present 
study, results show that this particular band ratio is decreasing in the lower Chesapeake 
Bay, yet trends are spatially patchy (Fig. 7j; Table 5). Other previously used red-to-blue 
ratio water clarity algorithms did not yield meaningful trends over time in our analysis. 
For example, a high-resolution Kd(490) product developed for the Chesapeake Bay 
(Tomlinson et al., 2019) employing the ratio Rrs(645)/Rrs(469) did not yield any 
spatially consistent nor meaningful trends over time in our results. In short, our analysis 
of red-to-blue ratios suggest that water clarity is improving, especially in the lower Bay, 
yet conclusions are less strongly supported than for red-to-green ratio findings. 
 Green-to-blue band ratios are related to algorithms used to retrieve both aCDOM 
and Chl-a (Table 6). For example, O’Reilly et al. (2000) describe the OC2 algorithm, 
which is often used to estimate Chl-a from high-resolution (500m) MODIS imagery with 
the band ratio Rrs(555)/Rrs(469). The results of the present study point to a long-term 
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increase in Chesapeake Bay for the band ratio relevant to this Chl-a algorithm (Fig. 8a). 
These results suggest a long-term increase in Chl-a as measured by green colored 
pigment concentration throughout most of the central and lower Bay.  
4.2 Implications of Rrs long-term trends 
Water clarity in the Chesapeake Bay estuary responds unexpectedly to changes in 
riverine sediment inputs, as suggested by long-term satellite Rrs trends. The results of the 
present study show that Rrs(645), the most commonly used for water clarity variables 
TSS and turbidity (Table 6), is decreasing over time in the upper Bay but not in the lower 
mainstem Bay (Fig. 6h). These results may indicate that decreasing watershed sediment 
inputs have the greatest impact in the turbid sections of the Bay closest to river inputs. 
For watershed cleanup efforts, results presented here imply that reduced riverine 
sediment inputs are related to the upper Bay decrease in Rrs(645) from 2003-2020. Our 
decreasing red-to-green and red-to-blue ratios suggest, in contrast, that the greatest 
improvements in water clarity are occurring in the lower Bay (Table 5; Figure 7). These 
apparently contradictory results can be explained by the fact that reduced sediment inputs 
do not always directly improve water clarity in the Bay according to all metrics. 
Modeling studies show that decreased sediment inputs can increase light availability, in 
turn increasing down-estuary organic matter production from phytoplankton (Chapter 3). 
Therefore, watershed nutrient reductions can yield improvements in ecosystem health 
especially in the downstream estuary, yet watershed sediment reductions are more 
important in the upper Bay. The results of our work support this interpretation, since Rrs 
in the green bands (Fig. 6) and green-to-blue ratios (Fig. 8) were found to be increasing 
over time in the lower Bay. Decreasing red-to-green and red-to-blue ratios suggest that 
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TSS may be a weaker contributor to water clarity patterns in the lower Bay in recent 
years compared to the early 2000s. Increasing Rrs(green) and green-to-blue ratios suggest 
that phytoplankton and associated organic matter may have had greater impacts on water 
clarity patterns in recent years in the lower Bay (CBP, 2021; Testa et al., 2019). 
The relative influence of rivers changed throughout this time series, as there were 
more wet years in the early 2000s and more dry years in the mid 2010s (Harding et al., 
2019). Single band increases in some blue wavelengths and all green wavelengths in the 
lower Bay may be related to the reduced influence of rivers in the 2010s. CDOM is 
strongly associated with river discharge and proximity to river inputs, yielding a strong 
negative correlation between CDOM and salinity, and CDOM generally absorbs light 
strongly in the blue wavelengths and somewhat into the green wavelengths. Results show 
that all single bands from Rrs(443) to Rrs(555) consistently increased in notable regions 
of the lower Bay (Fig. 6). The fact that the trends span the Bay mouth and up the eastern 
side of the lower Bay suggest that this pattern may be related to water color trends 
associated with ocean-sourced water, since the path for higher salinity ocean-sourced 
water from the ocean moves up along the eastern side of the lower Bay due to Coriolis 
(Norcross et al., 1960; Pritchard, 1952). Relatively lower river influence due to more dry 
years in the 2010s may have allowed ocean-sourced waters bright in the blue-green part 
of the spectrum to contribute more strongly to lower Bay reflectance patterns in recent 
years compared to the early 2000s.  
At the head of the estuary, more sediment is now bypassing the Conowingo Dam 
than in the early 2000s due to reservoir infilling (Cerco & Noel, 2016; Palinkas et al., 
2019; Q. Zhang et al., 2016). However, since satellite data analysis in this study does not 
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account for flow normalization, the wetter years in the early 2000s vs. the drier years in 
the mid-2010s may contribute to observed decreases in red-to-blue and red-to-green 
ratios over the period of 2003 to 2020 despite the infilling of the Conowingo Dam. 
Generally, drier years with lower relative river influence in the latter half of the time 
series may be a strong driver of the long-term water clarity change in the lower Bay. 
No two estuaries are alike, and underlying geology may play a strong role in a 
given region’s optical complexity and subsequent success of water quality satellite 
retrievals. The use of region-specific analyses is critical, especially when management 
entities may incorporate more remote sensing for future decision making. The 
Chesapeake Bay is not only optically complex, but the optically active constituents 
themselves are geochemically complex due to the geology and hydrology of the region. 
Other coastal regions such as Long Island Sound (Aurin et al., 2010; Aurin & Dierssen, 
2012) show successful retrievals of Rrs-derived variables, even with highly variable river 
inputs, but only if the constituent type is homogenous for that region. This homogeneity 
of constituents, common in northern latitudes that have experienced glacial scour, lends 
itself to more accurate empirical relationships between Rrs and water quality variables. 
The same cannot be said of the Chesapeake Bay, whose tributary rivers drain multiple 
diverse watersheds. The watershed of the Chesapeake Bay includes rocky uplands and 
coastal plains with very different underlying geologies that lead to geographically varied 
river chemistry (Najjar et al., 2020) and likely to diverse types of dissolved and 





4.3 Directions for future work 
For future remote sensing studies of Chesapeake Bay water clarity, we suggest 
increasing spatial coverage of in situ data, researching time series from other satellites, 
looking to higher spatial and spectral resolutions in the future, and incorporating neural 
network approaches in addition to empirical and analytical algorithms. For in situ data 
(Fig. 1), more spatial coverage is needed for Rrs and other measurements relevant to 
satellite studies of water quality. Currently, there are gaps in Rrs data spatially, including 
estuarine turbidity maxima of major tributaries, nearshore areas, and marsh-adjacent 
waters. Increasing the variety of environments in the Bay where in situ ocean optics data 
are collected would improve future remote sensing analysis. For time series, Landsat 
heritage missions may be useful for coastal waters with high enough signal-to-noise ratio 
(Barnes et al., 2014; Pahlevan et al., 2018), but have not yet been applied in Chesapeake 
Bay. For certain applications, high-spatial-resolution sensors like Landsat 8, Sentinel-2 
Multi-spectral Imager and Sentinel-3 OLCI can be used with great success (e.g., Cao et 
al., 2018). Future work should also consider modeling more complex processes, such as 
particle settling velocities, using satellite remote sensing (Nasiha et al., 2019). Recently, 
neural network approaches have been incorporated into methods aimed at merging future 
sensors with past and current sensors. For example, neural network approaches have been 
used in modeling hyperspectral water quality retrievals (Ibrahim et al. 2016), estimating 
TSS using a thorough multi-algorithm switching process (Balasubramanian et al. 2021) 
and employing similar multi-algorithm switching and neural networks to derive many in 
situ variables (Fan et al. 2021).  
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Upcoming satellite missions have the potential to greatly improve our 
understanding of water clarity in optically complex estuarine waters. Future missions 
Plankton, Atmosphere, Clouds, and ocean Ecosystems (PACE), Surface Biology and 
Geology (SBG), and the Geosynchronous Littoral Imaging and Monitoring Radiometer 
(GLIMR) will bring hyperspectral and polarimetric measurements into the suite of earth 
observation satellites. Importantly, societal applications of future missions weigh heavily 
in the planning process, including monitoring and predicting the impacts of climate 
change on marine resources and food security (Cetinic et al., 2018; Uz et al., 2019). 
These future missions will allow for improved characterization of phytoplankton 
community composition and better estimates of particle size distributions. In particular, 
polarization may allow for improved partitioning of organic matter vs. inorganic matter 
using the real part of the refractive index and the degree of linear polarization of water 
leaving radiances (Gao et al., 2021; Loisel et al., 2008; Stamnes et al., 2018; Tonizzo et 
al., 2009). In light of these advances, it will be important to remember to gauge the 
potential for new information relative to established inherent uncertainties to ocean color 
research (Morel & Prieur, 1977). 
 
5. Conclusions 
This research represents a holistic analysis of MODIS-Aqua Rrs and band ratios 
to quantify change over time in the Chesapeake Bay estuarine complex. Results suggest 
water clarity improvement, potentially associated with reduced TSS and Kd, as evidenced 
by decreasing red-to-green and red-to-blue ratios throughout the mainstem Bay. 
However, an increase in green band Rrs in the lower Bay suggests a possible local 
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increase in Chl-a. In contrast, a decrease in Rrs across all bands in the upper Bay supports 
a decrease there in Chl-a as well as TSS and Kd. Our work highlights that the time scale 
of a given research question is critical for careful algorithm selection in optically 
complex estuarine waters. In contrast to studying long-term trends in the Chesapeake 
Bay, short-term applications of remote sensing data calibrated to large spatial changes in 
specific water column constituents or features can provide powerful insights. Impactful 
short-term uses for satellite remote sensing in the Bay include aquaculture siting and 
monitoring, comparing coastal bays, river plume extents, and other focused applications. 
Outcome of this work also shows that the length of the time scale of a research question 
should be considered when selecting algorithms for water quality remote sensing. 
Furthermore, analysis of Rrs as a variable instead of other derived variables (Chl-a, TSS, 
Kd) should be considered when targeting multiple regions or extremely complex regions 
like the Chesapeake Bay. The results of this study further support the idea that at long 
time scales, remote sensing of water clarity can complement, but not replace, in situ 
monitoring and help improve and direct sustainable, long term coastal system economic 
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Table 1. Past MODIS-Aqua retrievals in Chesapeake Bay with uncertainties. 
Study Variable Metric* Uncertainty† 
Wang et al. (2009) Kd Mean ratio 0.96 
Hasan & Benninger 
(2017) 
TSS Mean ratio 1.052 
Mean APD 46.21% 
R2 0.91 
Ondrusek et al. (2012) TSS R2 0.79 to 0.90  
DeLuca et al. (2018) TSS MAE 2.38 to 2.97 mg L-1 
RMSE 4.3 to 5.61 mg L-1 
Zheng et al. (2015) TSS R 0.71 
RMSE 4 mg L-1 
Son & Wang (2012) TSS Mean ratio 1.06 
Median ratio 0.97 
nLw(l) Mean ratio 0.87 to 1.29 
Chl-a Mean ratio 1.4 
Werdell et al. (2009) Chl-a Mean ratio 0.88 to 1.69 
Mean APD 69.3 to 40.1% 
Le et al. (2013) Chl-a Mean ratio 1.09 
R2 0.43 
Mannino et al. (2008) aCDOM(443) RMSE 0.015 to 0.04 m-1 
Mean APD 11 to 25% 
Cao et al. (2018) aCDOM(300) RMSE 0.9 m-1 
Mean APD 36% 
Percent bias -5% 
Signorini et al. (2019) DOC RMSE 23.9 μmol L-1 
Bias -21.2 μmol L-1 
This study Rrs(l) Mean ratio 0.8 to 1.4 
Bias -0.0009 to 0.0006 
sr-1 
Mean APD 1 to 37% 
R 0.58 to 0.75 
*MAE = maximum absolute error, RMSE = root mean squared error, R = correlation 
coefficient, APD = absolute percent difference. 
†Values are reported for single variables, and ranges are reported if multiple wavelengths 





Table 2. In situ data used for validation. 
Cruise Time n* References† PI 
Chesapeake_Bay_Plume_D01 May 2005 20 1, 2  A. Mannino 
Chesapeake_Bay_Plume_D02 Nov 2005 2 1, 2 A. Mannino 
BIOME_B02 Jul 2005 3 1, 2 A. Mannino 
GEO-CAPE Jul 2011 29 3, 4, 5 C. Hu 
BOCP Aug 2013 6 6  A. Gilerson 
Chesapeake Light Tower 2005-2007 23 7, 8  R. Zimmerman 
Chesapeake Bay Validation Cruise Aug 2013 1 
 
M. Ondrusek 
SABOR Jul 2014 1 9, 10 I. Cetinic 
*Paired data points are for 250m spatial resolution, the largest validation dataset. 
†References: 1. Mannino et al. (2008); 2. Mannino et al. (2014); 3. Cao et al. (2018); 4. 
Le et al. (2013); 5. Zhang et al. (2018); 6. Gilerson et al. (2015); 7. Pan (2007); 8. Zheng 
















412 8 405-420 1000 
443 9 438-448 1000 
469 3* 459-479 500 
488 10 483-448 1000 
531 11 526-536 1000 
547 † 12 546-556 1000 
555 4* 545-565 500 
645 1* 620-670 250 
667 13 662-672 1000 
678 14 673-683 1000 
*Land band (other bands listed are ocean bands). 















MAE †  
(sr-1) 





1 km  
412 63 1.4 0.0006 0.0013 0.0016 37% 0.58 
443 63 1.1 0.0003 0.0010 0.0014 12% 0.67 
488 63 1.0 0.00004 0.0010 0.0013 1% 0.75 
531 63 1.0 -0.0002 0.0012 0.0015 1% 0.67 
547 63 0.9 -0.0007 0.0015 0.0020 7% 0.61 
645 63 0.8 -0.0007 0.0012 0.0015 15% 0.70 
667 63 0.8 -0.0006 0.0010 0.0013 17% 0.70 
678 63 0.8 -0.0008 0.0011 0.0014 19% 0.72 
500 m  
469 81 1.1 0.0002 0.0010 0.0014 15% 0.73 
555 81 0.9 -0.0009 0.0016 0.0021 9% 0.60 
645 81 0.8 -0.0006 0.0011 0.0015 12% 0.66 
250 m 645 85 1.0 -0.0001 0.0011 0.0014 6% 0.65 
*Paired data points using in situ observed Rrs(l) vs. corresponding daily (<6 hours) 
MODIS-Aqua pixels or pixel window averages. 
† MAE = Mean absolute error, RMSE = Root mean squared error, Mean APD = Mean 
absolute percent difference, and R = correlation coefficient (See Appendix B. Supporting 





Table 5. Strong trends* in band ratios. 
Ratio type l1 l2 Trend (yr-1)^ PercBay† 
Red-to-
green 
678 555 - 30% 
645 555 - 29% 
678 547 - 30% 
667 547 - 20% 
645 547 - 32% 
678 531 - 33% 
667 531 - 25% 
645 531 - 34% 
Red-to-
blue 
645 488 - 30% 
667 488 - 21% 
678 488 - 26% 
Green-to-
blue 
555 469 + 20% 
531 469 + 33% 
488 469 + 52% 
547 469 + 26% 
*Trends > +/- 0.0015 yr-1 in magnitude that were substantial (p < 0.1) for > 20% of the 
Bay. 
^ Where – or + indicate long-term decrease or increase 2003 to 2020. 





Table 6. Relevant empirical algorithms for satellite-derived water clarity products. 
Product Most relevant band or band ratio References 
Chl-a concentration Green-to-blue 
 
O’Reilly et al. (1998) 
Werdell et al. (2009)* 
Red-to-green* Le et al. (2013) 
Ioannou et al. (2014) 
Abbas et al. (2019) 
Chl-a fluorescence Red-edge fluorescence line height Letelier & Abbot (1996) 
Abbott & Letelier (1999) 
Huot et al. (2005) 
NIR-to-red* Gitelson et al. (2007) 
Ioannou et al. (2014) 
Gilerson et al. (2015) 
TSS Red 
 
Nechad et al. (2010) 
Ondrusek et al. (2012)* 
Constantin et al. (2016) 
Hasan & Benninger (2017)* 
DeLuca et al. (2018)* 
Tavora et al. (2019) 
Red-to-green Qiu et al. (2017) 
Reisinger et al. (2017) 
Red-to-blue 
 
Son & Wang (2012)* 
Liu & Wang (2014)* 
Siswanto et al. (2011) 
NIR (highly turbid waters) Doxoran et al. (2003) 
NIR-to-red Wang et al. (2018) 
Turbidity Red Garaba et al. (2014) 
Dogliotti et al. (2015) 
Hudson et al. (2017) 
Tao & Hill (2019) 
Red-to-green Wang et al. (2021) 
NIR (highly turbid waters) Tao & Hill (2019) 
Kd(490) Green-to-blue (open ocean) Austin & Petzold (1981) 
Morel et al. (2007) 
Lee et al. (2005) † 
Red-to-blue (coastal waters)* Wang et al. (2009) 
Shi et al. (2013) 
Tomlinson et al. (2019) 
Secchi depth Red* Crooke et al. (2017) 
aCDOM DOC Green-to-blue ratio* Mannino et al. (2008) 
Mannino et al. (2014) 
Cao et al. (2018) 
Signorini et al. (2019) 
*Algorithms developed using matchups from the Chesapeake Bay and/or Mid-Atlantic 
Bight. 
†Semi-analytical algorithms for variables such as Kd, Secchi depth, and euphotic depth 







Fig. 1 Map of MODIS-Aqua satellite data extent and in situ validation stations. Long-
term mean Rrs(645) at 250m spatial resolution is mapped in color. White points indicate 




Fig. 2 Climatology of the number of points used in MODIS-Aqua monthly composite 
scenes 2003-2020, a proxy for number of cloud-free daily scenes per month.  npoints 
represents the spatial median of the number of points used to create each monthly 
composite scene, and each month’s boxplot indicates the median (red lines), upper 
quartile, and lower quartile (top and bottom of blue boxes) of the spatial medians for that 







Fig. 3 Effects of spatial resolution on data quantity in monthly composites, including a-c) 
monthly composite Rrs 645 (sr-1) and d-f) number of points contributing to monthly 
composite scenes (npoints) for a, d) 250m, b, e) 500m, and c, f) 1km spatial resolutions 
during the example month March 2011. Spatial median npoints for the three lower subplots 







Fig. 4 Validation at all spatial resolutions of MODIS-Aqua Rrs(l) with in situ Rrs(l) 
observations, for: a) 250m (QKM) spatial resolution retrievals of Rrs(645) using 5x5 
pixel matchup window, b) 500m (HKM) spatial resolution retrievals of Rrs(l) using 3x3 
pixel matchup window, and c) 1km (“standard” ocean color) spatial resolution retrievals 








Fig. 5 Validation at 1 km spatial resolution of MODIS-Aqua Rrs(l) with in situ Rrs(l) 
observations, showing mean and standard deviations of Rrs(λ) validation data points 
derived from MODIS-Aqua (black dashed line) and measured in situ (green solid line) (n 










Fig. 6 Trends over time in Rrs at single bands, from 2003 to 2020 for bands a) 412 nm 
through j) 687 nm according to linear least-squares fits over all pixels with >80% of 
monthly images at the nominal spatial resolution of each band, i.e., h) Rrs(645) at 250m, 
c) Rrs(469) and g) Rrs(555) at 500m, and all other bands at 1km. Small black dots 









Fig. 7 Decreasing trends over time in selected band ratios, including a-h) eight red-to-
green ratios, i-k) three red-to-blue ratios. Selected trends shown were > +/- 0.0015 yr-1 in 











Fig. 8 Increasing trends over time in selected green-to-blue Rrs band ratios, including a) 
Rrs(555)/Rrs(469), b) Rrs(531)/Rrs(469), c) Rrs(488)/Rrs(469), and d) 
Rrs(547)/Rrs(469). Selected trends shown were > +/- 0.0015 yr-1 in magnitude and 











Fig. 9 Time series of a) Rrs(645), b) Rrs(488), and c) ratio Rrs(645)/Rrs(488) at station 
CB7.1N in the lower eastern Bay just south of Tangier Island (see Fig. 7d and 7h for 







Appendix A. Notation  
 
aCDOM Light absorption by colored dissolved organic matter (m-1) 
Chl-a Chlorophyll-a concentration (mg m-3) 
DOC Dissolved organic carbon 
Kd Diffuse light attenuation coefficient of photosynthetically active radiation, a.k.a. light 
attenuation (m-1) 
Kd(490) Diffuse light attenuation coefficient at 490nm (m-1), or estimated Kd(490) from satellite 
algorithm (see Table 6)  
Land band Wavelength or spectral range at which a satellite sensor has been optimized to image 
bright land surfaces, e.g., the 645 nm band on MODIS sensors. 
Level-1 Satellite data at the instrument data processing level, with radiometric calibration 
applied only (Level-1A). 
Level-2 Satellite data at the analysis-ready processing level, with atmospheric correction 
performed and geophysical variables calculated, but not yet spatially binned or 
mapped. 
Level-2B Satellite data after custom merging atmospheric correction methods in the present 
study, not yet spatially binned or mapped. 
Level-3 Satellite data that is analysis-ready and also has been spatially binned and mapped to a 
consistent map projection. 
nLw Normalized water-leaving radiance (mW cm-2 µm-1 sr-1) 
Ocean band Wavelength or spectral range at which a satellite sensor has been optimized to image 
dark water surfaces, e.g., the 443 nm band on MODIS sensors. 
MAE  Mean absolute error (sr-1) 
Mean APD Mean absolute percent difference (%) 
MODIS Moderate resolution Imaging Spectroradiometer 
R Correlation coefficient 
RMSE Root mean squared error, a.k.a. root mean squared difference (sr-1) 
Rrs Remote sensing reflectance  (sr-1) 
Rrs(l) Remote sensing reflectance at multiple wavelengths 
l Wavelength (nm) 
SeaBASS SeaWiFS Bio-optical Archive and Storage System (data repository) 
SeaDAS SeaWiFS Data Analysis System (software) 
Skill Measure of how well an estimated dataset represents in situ observations 






Appendix B. Supporting information 
 
Supporting Information S1 
Mean ratio, bias, mean absolute error (MAE), root mean squared error (RMSE), and 
mean absolute percent difference (mean APD) are calculated as: 
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where n is the number of matchup points and satellitei  and in situi are the ith of the 










Fig. S1 Data included in an example monthly composite image, including a,b) Rrs(645) 
and c,d) number of scenes pixel-by-pixel (npoints) used in the monthly composite: a,c) 
with near-infrared atmospheric correction vs. b,d) with the merging method for 
atmospheric correction used in this study. The example shown is September 2011, a 








Fig. S2 Comparison of single-band Rrs trends for higher spatial resolution bands. a-c) red 
band Rrs(645), d,e) green band Rrs(555), and  f,g) blue band Rrs(469), at a) 250 m, b,d,f) 





Fig. S3 Comparison of Rrs band ratio trends for higher spatial resolution bands. a,b) red-
to-green ratio Rrs(645)/Rrs(555) and c,d) green-to-blue ratio Rrs(555)/Rrs(469), at  a,c) 















1. Overview   
In this dissertation, water clarity was studied using three tools – in situ 
observational analysis, numerical modeling, and satellite remote sensing – with emphasis 
on a few specific influencing factors, including oyster aquaculture, particle sinking rates, 
seabed properties, eroding shorelines, and watershed change. Estuarine water clarity is 
controlled by external inputs (rivers, shoreline, climate) and within-estuary processes 
(organic matter production, nutrient recycling, resuspension). Thus, studying water 
clarity requires a complex approach integrating multiple spatial and temporal scales. In 
situ observations, models, and remote sensing hold different advantages and limitations 
for studying the various influencing factors, based on varying degrees of overlap among 
the tools and factors that are relevant at different scales.  
Within a wide spatial and temporal framework, this conclusions chapter aims to 
relate temporal trends in different water clarity metrics, explain possible drivers of 
change, and highlight ways this dissertation informs directions for future work. Broadly, 
this conclusions chapter defines four different interpretations of water clarity change over 
time for the Chesapeake Bay: 1) increased total light scattering over time, 2) development 
of an Organic Fog Zone driven by increased light availability to autotrophs, 3) shifts in 
phytoplankton health, and 4) decreasing particle size over time. While these four 
interpretations differ from one another in some aspects, all partially help to explain the  
inconsistent trends in water clarity that have been seen since the 1980s. Furthermore, 
these explanations for the temporal gradients observed in water clarity also apply to 
along-estuary spatial patterns; therefore, the similarities and differences between spatial 
gradients vs. temporal change are examined. Importantly, based on most water clarity 
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metrics, recent years show some improved water clarity. An overall improvement in 
water clarity may be co-occurring alongside an increasing contribution of phytoplankton 
to water cloudiness. Suggestions for future work are presented in light of these broad 
findings, including implications for regional management policies. 
2. Tools used and influencing factors examined 
2.1 Multi-metric approach to water clarity for different applications 
Water clarity metrics are not equivalent. Thus, efforts should be taken to use the 
metric, or combination of metrics, best suited to each individual research goal. Water 
clarity is a relatively subjective term that can be described by metrics including, but not 
limited to: turbidity, beam attenuation (i.e.,  light transmission), Secchi depth, the diffuse 
light attenuation coefficient (Kd), and remote sensing reflectance (Rrs) as well as their 
components, such as Chlorophyll-a concentration (Chl-a), colored dissolved organic 
matter (CDOM), total suspended solids (TSS), or fixed and volatile suspended solids 
(FSS, VSS), (Table 1). Caution must be exercised with interpretations of these water 
clarity metrics and components, as each represents a different fundamental measurement 
(Chapter 1). It is recommended that these be used for different applications depending on 
the nature of the water quality question being addressed (Table 2).  
Several measures tend to be associated with types and composition of material in 
the water, and their optimal measurement generally require water samples to be returned 
to the lab for analyses. Chl-a concentration and CDOM absorption are useful for 
assessing water clarity when inorganic sediment concentrations are low. For example, 
Chl-a concentrations and associated biogenic particles are central drivers of water clarity 
in the open ocean, while CDOM is an important contributor to water clarity in inland 
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waters and rivers, as seen in the strong negative correlation between salinity and CDOM 
in estuaries. TSS is integral to estimating mass concentrations and mass-specific optical 
behaviors of particles (Boss et al., 2018; Bowers et al., 2011; Fall et al., 2020). 
Compositional measurements VSS (i.e., particulate organic matter) and FSS (i.e. 
inorganic particles) are useful for understanding how organic and inorganic particles 
affect water clarity. However, VSS and FSS are not always representative organic vs. 
inorganic proxies for clarity due to variable plankton ash content (Biggs, 1970; Whyte, 
1987), variable temperatures at which clays release minerally bound water (Mehta, 2014), 
and complex organic-inorganic floc composition.  
Other commonly used metrics are based on optical properties that are measured in 
situ. Kd is recommended as the metric of choice to quantify total light available for 
autotrophs, for example in studies targeting phytoplankton dynamics and submerged 
aquatic vegetation (SAV) (Moore, 2004; Olesen, 1996; Zimmerman, 2003). Secchi depth 
targets visibility and transparency, especially for sighted higher trophic level organisms, 
including humans. While it is less accurate for some applications, Secchi depth proves 
valuable for citizen science and science communication, relates well to human perception 
of “clear water” (West et al., 2016), and provides one of the longest single-metric time 
series in all of marine science (Pitarch, 2020). Turbidity is a measure of the total light 
scattering occurring in water, and low turbidity is a general indicator of clear water. 
Conversely, light transmission (i.e., the opposite of beam attenuation), measured 
frequently by transmissometer instruments, represents the remaining beam of light that 
propagates a short distance minus what has been absorbed or scattered out of the beam 
(Agrawal and Pottsmith, 2000; Bishop, 1999). Both turbidity and transmission are useful 
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for long-term continuous monitoring thanks to relatively cost-effective sensors, but they 
require cross-metric calibrations (ideally before and after deployment, or at representative 
temporal frequencies throughout a long-term deployment).   
Remote sensing of water clarity, including metrics derived from airborne sensors 
and satellites are based primarily on Rrs, which is most sensitive to backscatter. 
Nonetheless, it is common to derive parameters from Rrs that are not mainly associated 
with backscatter when measured in the lab or in-situ (e.g., Chl-a, Kd). This may confuse 
remote sensing results in optically complex waters (Chapter 4). For example, in optically 
complex waters, variability in CDOM concentration can account for 2 to 24% of the 
variability in satellite-derived Chl-a because both components absorb blue light, even in 
water whose constituents are still relatively homogenous in particle type (Aurin et al., 
2010; Aurin and Dierssen, 2012). When using satellite-derived water clarity 
measurements, we would do well to consider trends in Rrs single bands and band ratios in 
addition to trends in derived variables (“products”) from more complex algorithms. When 
planning a research campaign, it is critical to carefully consider the purpose for which 
water clarity measurements are needed, and let that purpose guide the choice of the most 
relevant metric(s) (Table 2). 
Not only are the multiple metrics of water clarity not equivalent, they can also 
reveal differing spatio-temporal trends. In fact, long-term shallowing of Secchi depth has 
co-occurred with long-term deepening of light attenuation depth (e.g., Gallegos et al., 
2011). This misalignment in the two metrics can work in both directions, where Kd can 
over(under)estimate the visibility and Secchi depth can over(under)estimate Kd. Their 
relationship is not always linear due to suspended particle light scattering behavior. 
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Importantly, during SAV remediation and other habitat restoration work in estuaries, use 
of one water clarity metric to estimate another (i.e., Wang et al., 2013) can 
over(under)estimate depth limits of light-limited organisms such as SAV (Olesen, 1996). 
A deviation from the Kd-Secchi linear relationship in any region suggests that multiple 
metrics are needed. For example, the current shallow water clarity “attainment” metric 
used by management is based on SAV acreage which is the targeted shallow water 
designated use (Tango and Batiuk 2013), or when SAV is not present, or does not meet 
the defined local area designated use acreage goal, based on seasonally averaged percent 
light to the bottom determined from Kd and depth. Kd  in turn is measured directly or 
calculated via its relationship with other variables, including turbidity, salinity, Chl-a, 
(Moore et al., 2009; Tango and Batiuk, 2013). The findings of this dissertation promote, 
whenever possible, the use of Kd measured in situ instead of a Kd estimated from other 
variables.  
2.2 Measuring water clarity using different tools 
 When using observations, models, and remote sensing, it is useful to understand 
the connections and overlap between the different tools (Figure 1).  Cruise-based in situ 
observations are used to directly quantify conditions and to calibrate and validate remote 
sensing products and to tune and evaluate models. Remote sensing fills spatial and 
temporal gaps of cruise-based observations, albeit only for the water surface. Numerical 
modeling can fill gaps in a similar fashion with high-temporal-resolution output and high-
spatial-resolution output. Furthermore, models can be used to mechanistically perform 
experiments to better understand specific processes. While satellite data require 
independent calibration vs. validation, in mechanistic modeling the “calibration” process 
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typically involves tuning parameterizations to best represent observed conditions. Ideally, 
numerical models and satellite remote sensing should  complement in situ observations, 
rather than replace them. The experimental capacity of models is invaluable, and the 
global uniformity and coverage of satellite data are applicable to many research 
questions. Additionally, models can be used to inform the spatial resolution and temporal 
frequency of in situ sampling needed to answer the most pressing research questions. 
However, confidence in the results of modeling and satellite tools depends on high-
quality in situ data for calibration and validation. Model usefulness increases with 
improved coverage of in situ observations. For example, modeled estimates of water 
clarity variables such as Kd carry large uncertainties without in situ data. It is especially 
important to obtain measurements over a wide range of conditions for a given system, 
such as wet and dry years, calm and windy conditions, across all parts of a tidal cycle, 
and across the full spatial gradient of a system such as the full length of an estuary. 
Future ongoing work will be needed to link models and satellite data with useful metrics 
using correlations with in situ observations. For example, future work could focus on set 
monitoring stations with continuous in situ data coupled with modeling and/or satellite 
imagery for increased spatio-temproral coverage (see Section 8). 
3. Studying water clarity at multiple spatial and temporal scales 
The success of environmental science depends on observing the natural world at 
many different spatial and temporal scales. Levin (1992) defines the job of natural 
scientists as taking a “low dimensional slice through a high-dimensional cake.” Studying 
marine systems through multiple scales of space and time contextualizes our 
understanding of high-dimensional processes that involve many factors.  This multi-scale 
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approach enhances our ability to understand the past and predict the future, and this 
approach requires a mechanistic understanding at many levels (Zimmerman, 2021).  
Water clarity in estuaries is a high-dimensional process that involves many inter-
related factors. Like the monitoring of SAV species that depend on water clarity, the 
evaluation of water clarity itself requires a tiered monitoring approach (Neckles et al., 
2012; Zimmerman, 2021). Long-term trends and short-term variability can be analyzed 
separately and together in the context of estuaries (Wilkinson et al., 2020). There are 
often time lags between external forcings from watershed/climate and the estuarine 
response to those forcings (Shen and Wang, 2007; Yu and Shen, 2021). Water clarity in 
estuaries often responds non-linearly to multiple external forcings (Evans and Scavia, 
2011). Physical transport timescales can be used to simplify water quality processes in 
coastal and aquatic systems (Lucas and Deleersnijder, 2020). Residence time is one 
example of this scaling approach. Residence time analysis can be applied to the entire 
Bay at the estuary scale (Du and Shen, 2016), and it can also be applied to smaller-scale 
regional or local environments such as oyster farms (e.g., Chapter 2 of this dissertation 
used residence time to estimate the filtration capacity of oyster farms in relation to 
current speeds). At the estuary scale, the complex geometry and bathymetry of the Bay 
may necessitate calculating local partial residence time in each sector of the Bay, i.e., the 
amount of time water parcels reside in subsections of the Bay before exiting to other 
subregions (Lin and Liu, 2019; Xiong et al., 2021). Drivers of water clarity are multiple 
and complex. Therefore, tools and factors addressed in this dissertation are relevant to 
water clarity at different ranges of time and space (Figure 1). 
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3.1 Comparing spatial scales 
Processes examined in this dissertation spanned from seabed grain size (microns) 
to oyster farms (meters) to the watershed (hundreds of km). At the local spatial scale, the 
spatial scale of oyster farms studied reached up to 0.04 km2. For example, one large 
floating-cage farm measured 150 by 120 m (Chapter 2). While it can be challenging to 
isolate the signal of interest in light of natural variability at this spatial scale, quantifying 
effects is possible. The oyster farm research in Chapter 2 was of similar scale to harmful 
algal bloom work in spatial scale: HABs are spatially patchy (< 100 m patches), but in 
situ observations can successfully capture the differences between bloom patches and 
non-bloom patches (Caballero et al., 2020).  
In situ observations were also applied at a regional spatial scale. In Chapter 3, 
cruise-based observations used to validate the biogeochemical model included stations 
throughout the mainstem of the Chesapeake Bay estuary, covering approximately 11,600 
km2 (Tango and Batiuk, 2013). Despite overall high spatial coverage of stations, not all 
variables have been collected over the full Bay, thus there are spatial limits to specific 
variables (i.e., VSS and FSS time series are biased toward the lower Bay which is more 
data rich). Also at the regional scale, the modeling system used in this dissertation 
includes the estuary itself as well as riverine inputs from a watershed model that 
integrates conditions over the 166,000 km2 Chesapeake Bay watershed (Easton et al., 
2017; Shenk and Linker, 2013).  
Modeling and remote sensing analyses were also performed at a regional spatial 
scale. Similarly, remote sensing was used at the scale of the Chesapeake Bay estuary, 
extending partially up into tributaries to the extent that stray light effects from land were 
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still avoided (Chapter 4). MODIS-Aqua data acquisition covers the Bay with one or two 
separate scenes at a 2,330 km swath width per scene. Model output and satellite data 
were analyzed at similar spatial resolutions, at ~1 km2 per model grid cell and per level-3 
satellite-derived Rrs data point. Although these two tools were applied to the spatial 
extent of the Chesapeake Bay estuary and watershed in this work, both coupled 
hydrodynamic-biogeochemical models and satellite remote sensing can be applied to 
other estuaries world-wide,especially if in situ observations are available for calibration 
and validation 
3.2 Comparing temporal scales 
Factors influencing water clarity range in temporal scale from short-duration 
model timesteps and particle sinking rates (seconds) all the way to decadal-scale trends 
over time. In Chapter 2, oyster farm sampling cruises were snapshots of single days with 
durations of 2-8 hours each, and sites were visited surrounding maximum flood or ebb 
tidal currents. Oyster farms were visited during multiple seasons, including spring, 
summer, and fall. Scaling up, cruise-based observations used to evaluate the 
biogeochemical model in Chapter 3 also represent temporal snapshots at specific times on 
given sampling days, but data stretch over decades 1985 to present. On Chesapeake Bay 
Program long-term monitoring program cruises, much of the Bay is sampled over the 
course of < 7 days, with a cruise frequency of once per month in winter and twice per 
month in spring, summer, and early fall. Temporal bias may be present due to 
predominantly sampling during low-wind conditions, and many stations being missed 
due to short day length in winter.  
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Our numerical modeling exercise encompassed spatial scales from seconds to 
decades. The model timestep used in Chapter 3 was one second, yet model output was 
analyzed at daily and monthly intervals. Model runs used 6 years (1 year spin-up and 5 
years analyzed output) in this dissertation. However, with this modeling system overall, 
multi-year spin-up runs have been frequently used to create initial conditions, and 
decade-scale analyses have been conducted (Hinson et al., 2021; St-Laurent et al., 2020). 
In the Chesapeake Bay watershed, changes in precipitation and river discharge can occur 
over hours, but time scales at which river inputs affect Bay water clarity may be on the 
order of months to years. For example, the lag time between river discharge and a change 
in seabed erodibility conditions in the York River ranged from ~150 to 200 days or more 
(Cristin Wright’s thesis). For the Chesapeake Bay, the interannual hydrological 
variability between wet years and dry years is a major factor in water clarity patterns, 
including the magnitude of Kd (Chapter 3), TSS, and other metrics, and the spatial extent 
of the Susquehanna River sediment plume. Similar to river inputs, the process of 
shoreline erosion occurs over time scales from hours (wave energy, large storms) to 
multiple years (bed erodibility shifts). For example, large storms can cause high erosion 
on the short term from wind-driven waves, yet shoreline retreat is measured over decades 
from aerial imagery.  
In contrast to model output, satellite data represent snapshots at one time per day, 
temporally more similar to cruise-based observations. For example, MODIS-Aqua 
captures surface reflectance once per day during daylight hours, and it takes 
approximately 25 minutes to capture a given scene. Matchup windows for satellite data 
validation are recommended to occur within 3 hours (Bailey and Werdell, 2006; Seegers 
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et al., 2018) yet higher matchup windows of up to 6 hours (Chapter 4) or even up to 24 
hours (Hasan and Benninger, 2017; Mannino et al., 2014, 2008) are sometimes used.  In 
short, the temporal scales of satellite data, model output, and cruise-based observations 
span many orders of magnitude and overlap one another for a robust combined approach 
to estuarine water clarity analysis. 
3.3 Advantages and limitations of different temporal and spatial scales 
Each section of the research presented in this dissertation has advantages and 
limitations specific to its temporal and spatial resolution. Oyster aquaculture research in 
this dissertation had the advantage of examining processes in situ rather than in 
mesocosms or laboratory studies, capturing the natural variability at operating 
commercial farms. However, results of this work represented a few single days, thus 
future work would benefit from longer-term sampling. For example, buoys deployed 
inside and outside of farms for weeks to months may be more suitable for capturing the 
effects of the farms on surrounding waters at longer time scales. Toward that goal, larger 
scale studies have successfully incorporated existing long-term monitoring datasets into 
aquaculture decision-making (Bricker et al., 2016).  
Satellites provide daily to monthly data products at a known, predictable temporal 
frequency, for example in Chesapeake Bay reliably recording 5-10 cloud free scenes per 
month for many years (Chapter 4). An additional advantage of satellite data is 
completeness of coverage with one sensor, as compared to in situ observations which 
often use multiple methods for one variable or encounter problematic lab changes 
between decades (e.g., TSS). One limitation of satellite data is that it only represents 
surface waters. Also, there is the inherent compromise between spatial resolution and 
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overpass time (Martin, 2014). For example, MODIS has fairly coarse spatial resolution 
compared to other sensors in exchange for higher overpass frequency.  
Cruises provide long-term records, but only snapshots on relatively calm days at 
one point in space, typically during daylight hours. An advantage of working with cruise 
data, however, is that many variables are often sampled simultaneously and often at 
multiple depths. The Chesapeake Bay long-term monitoring program is an incredible 
resource and the value of long-term monitoring programs at specific locations for decades 
that cannot be overstated. For example, long term ecological research initiatives 
(Ducklow et al., 2009; Hobbie et al., 2003) and synthesis analyses of in situ data sets over 
the long term (Lefcheck et al., 2018; Yu and Shen, 2021) can be powerful steps forward 
for the field of marine science. Further, high spatial frequency methods, i.e., dataflow 
cruises, provide a compromise between point samples and models. The dataflow methods 
used in Chapter 2 of this dissertation and in shallow water monitoring (Moore et al., 
2009; Tango and Batiuk, 2013) provide in situ observations with increased aerial 
coverage, without the use of models or satellite data, which is advantageous for shallow 
waters. In this way, spatially-interpolated cruise data can be integrated with long-term 
monitoring stations like the Virginia Estuarine and Coastal Observing System (VECOS; 
http://vecos.vims.edu/). 
Models address most of the aforementioned spatial and temporal coverage 
problems, with many advantages but some inherent limitations. One advantage of 
modeling is the ability to sample model output to determine the most advantageous in situ 
sampling plan for future observations. For the Chesapeake Bay, numerical models often 
predict salinity and estuarine circulation with high skill, accurately representing observed 
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conditions (Chapter 3). Salinity estimates at this level of accuracy are something satellites 
may never match, despite promising preliminary work to derive salinity from remote 
sensing measurements (Land et al., 2015; Urquhart et al., 2013). For some 
biogeochemical rates like primary production, the uncertainties of 3-D biogeochemically-
modeled estimates can be lower than those of satellite-derived estimates (Friedrichs et al., 
2009); however, such 3D models still rely on spatiotemporally limited observations to 
tune formulations and evaluate skill. Models are also limited by the processing capacity 
of computing resources. Some processes are difficult to replicate in hydrodynamic-
biogeochemical models, such as the deep Chl-a maximum in the upper Bay in late winter 
to early spring. Overall, the ever-growing body of knowledge from numerical modeling 
provides a powerful tool to science even in light of the uncertainties present in the 
calculations (Box, 1979).  
The future of estuarine science depends on capturing long time scales and large 
spatial scales for study subjects across a wide range of spatial scales (microns to 100s 
km) and temporal resolutions (seconds to centuries). This highlights the need for 
continuous, long-term monitoring in pre-determined locations. In remote sensing, there 
are four sometimes competing dimensions of high resolution requested for future 
missions, including spectral, spatial, temporal, and radiometric resolutions (the “4H” 
problem) (Huang et al. 2013; Zheng et al. 2017; IOCCG 2020). Importantly, there is 
urgent need for collaboration between disciplines to leverage and share resources in a 
way that is synergistic. For example, multiple research groups and agencies could be 
doing things the same way or in complementary ways in order to more effectively 
address the immense challenges of climate change and growing human impacts. 
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Successful examples of this multidisciplinary strategy can be seen in the outcomes of 
workshops on specific challenges facing the Chesapeake Bay and methods for 
approaching a better understanding (Fringer et al., 2019; Hood et al., 2021, 2019; 
Keisman et al., 2019). The Chesapeake Bay may serve as a good example of intentional 
efforts toward increasing collaboration among researchers. 
4. Connectivity of factors influencing water clarity  
4.1 Shellfish aquaculture 
The environment and oysters and other shellfish interact in two directions: 1) 
Shellfish can modify water clarity; however, 2) water clarity informs siting of shellfish 
farms.  
1) Shellfish improve water clarity. Our conceptual model of farmed oyster 
filtration potential (Chapter 2) can be put in context by comparing our study site to other 
systems where bivalves have varying impacts on water clarity. Effects vary by the spatial 
scale and physical transport of each specific system, but are generally minimal to 
positive, implicating bivalves as neutral and/or useful component of improving water 
clarity. 
 There have been notable changes in water clarity in some Chesapeake Bay 
tributaries in response to rapid local increases and decreases in bivalve population. 
Corbicula fluminea, an Asian clam species, peaked in biomass during the early 1980s in 
the tidal fresh Potomac River, after which water clarity and SAV declined following clam 
biomass decrease (Cohen et al., 1984; Keisman et al., 2019; Phelps, 1994). False dark 
mussels Mytilopsis leucophaeata had a brief population boom in the Magothy River, a 
tributary to the Maryland western mainstem mid-Bay, in the early 2000s. A brief 
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improvement in water clarity was noted concurrent with this mussel explosion, attributed 
to filter feeding (Bergstrom et al., 2009; Goldman, 2007; Keisman et al., 2019; Kreeger et 
al., 2017). In tidal creeks in other systems, a study of bivalve filtration in Carolina creeks 
found that the loss of bivalves in many tidal creeks did not cause a noticeable change 
(noticeable water quality degradation) as might have been expected. The result was 
attributed to the high volume of water transported through the system by tides and overall 
low residence time (Dame et al., 2002). In short, while some improvements have been 
documented in the short term, bivalves will not unilaterally mitigate eutrophication in all 
systems.  
 Although the research described here (Chapter 2) showed only minor 
improvements in water clarity resulting from oyster farming, bivalve aquaculture 
elsewhere in the world has been shown to result in larger water clarity improvements. 
European shellfish farms have been demonstrated to show large impacts (Castel et al., 
1989; Dahlbäck and Gunnarsson, 1981; Kaiser, 2001; Tenore et al., 1982), and many 
shellfish farming methods damp currents more strongly than the oyster farms studied in 
here (Fan et al., 2009). As a specific example, Danish mussel farms had a stronger 
positive impact on water clarity than our oyster farms, likely due to the larger 
spatial/depth scale of operations and higher organism densities (Nielsen et al., 2016).  
 Similar to the way that our oyster farm impacts were much smaller in magnitude 
than for some shellfish aquaculture elsewhere in the world, present-day aquaculture is 
similarly dwarfed by historical oyster reefs. The Chesapeake Bay is unlikely to return to 
its pre-colonial status, through either restoration or aquaculture, or even a combination of 
both (Mann and Powell, 2007). If we compare historical reefs, today’s reefs, and today’s 
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farms, historical oyster reefs were capable of filtering two orders of magnitude greater 
volumes of water than present-day reefs, and even today’s reefs are larger and filter more 
water than oyster farms. Historical reefs were kilometers long, greater than 2 m in height 
off the seabed, and structurally complex. Today’s oyster farms (for example, the ones in 
our study) are about 150m in length and 0.3m in height, with fewer organisms living 
amongst the oysters to contribute to enhanced filtration (Hargis and Woods, 2003; Woods 
et al., 2005, 2004). In terms of total numbers and densities, there were 5,000 times more 
oysters on a single reef in the James River pre-1800s compared to one oyster farm using 
floating culture today, and densities (oysters m-2) of historical reefs were an order of 
magnitude greater than that of present-day floating aquaculture (Comeau, 2013; Schulte, 
2017). Historical reefs had a higher diversity and number of filter feeders, and could alter 
the hydrodynamics and large-scale sediment transport to an extent which present-day 
oyster aquaculture does not approach (Hargis and Woods, 2003; McCormick-Ray, 2005). 
Even so, if we cannot return to historical conditions, it is still worthwhile to continue 
increasing oyster restoration and oyster and other shellfish aquaculture as appropriate, 
because we need to continue to employ multiple tools towards combatting eutrophication 
(Parker and Bricker, 2020).  
Numerical modeling of oyster filtration provides a further method for quantifying 
bivalve filtration impacts. When Cerco and Noel (2007) added bivalves to the CBP 
estuarine model, including oysters plus two freshwater bivalve species, a tenfold increase 
in filter feeder biomass yielded slightly decreased Chl-a, increased deep-water dissolved 
oxygen, increased SAV acreage, and increased inorganic nitrogen removal via 
denitrification. However, impacts were small in scale overall (Cerco and Noel, 2017), a 
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result that aligns with our findings in Chapter 2 as well as those of the other studies 
discussed above. At small spatial scales, important work has been done to quantify water 
quality impacts of oysters with modeling (Kellogg et al., 2018; North et al., 2010; Testa 
et al., 2015). Modeling the potential filtration capacity of restored reefs is especially 
important for planning restoration projects and integrating bivalve restoration and 
aquaculture into regional nutrient management policies. 
2) Environmental conditions inform oyster aquaculture siting and success. Sites 
of oyster research presented in Chapter 2 span the southern portion of the Bay, and they 
highlight the inherent Bay-wide variability in environmental conditions such as bottom 
type, salinity, wave exposure, and residence times. This among-site variability governed 
effects at farms far more than the presence or absence of oysters. As a further example of 
how environment controls aquaculture, remote sensing is used for both siting and 
monitoring of shellfish farms and other aquaculture types. Remote sensing data is 
informative for aquaculture site selection (Kapetsky and Aguilar-Manjarrez, 2007) and 
has been applied to oyster farms in Maine (Snyder et al., 2017) and kelp culture on the 
California coast (Snyder et al., 2020). For monitoring, remote sensing has been used for 
oyster farms in turbid estuaries in France (Gernez et al., 2017, 2014), for harmful algal 
bloom forecasts in support of abalone aquaculture (Smith and Bernard, 2020), and for 
mapping Chl-a depletion at mussel farms (Grant et al., 2007). Additionally, ecosystem 
modeling can be used to forecast conditions and predict habitat suitability for 
aquaculturists based on salinity, Chl-a, temperature, TSS, etc. For example, one study 
used remote sensing data as input for modeling growth and success of the mussels in 
France (Thomas et al., 2011). This type of spatial modeling been applied to the 
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Chesapeake Bay with a siting study that included economic, biotic, and abiotic factors 
(Beckensteiner, 2020). Looking to the future, remote sensing data are projected to be 
increasingly used as a monitoring tool for shellfish growers in the Chesapeake Bay, as 
aquaculture interests and needs are being incorporated into future satellite mission 
planning at an increasingly early stage (Uz et al., 2019). 
4.2 Grain size and sinking rates 
Seabed sediment properties influences water clarity in a variety of ways. In 
numerical models, we can test the sensitivity of water clarity at the surface to different 
seabed parameters, such as erosion rate and critical shear stress for erosion and 
deposition. In Chapter 3, modeled water clarity at the surface was found to be highly 
sensitive to critical shear stress for erosion and deposition, which is tied (in situ) to 
sediment grain size, composition, and age/consolidation. Other modeling studies have 
found a high sensitivity to shear stress parameterizations for turbid estuaries (Maciel et 
al., 2021; Moriarty et al., 2021). Furthermore, the important role of resuspension is 
evidenced by spatial patterns in clarity in the Bay as a whole: bottom depth (i.e., shallow 
vs. deep bathymetry at a given location) is a key factor for clarity (see Section 6). 
Additionally, conditions at oyster farms in Chapter 2 were driven in large part by seabed 
grain size. Muddy sites generally had higher turbidity and Chl-a, while sandy sites had 
clearer water. Thus, seabed sediment texture has a strong influence on water clarity at 
local and regional scales. 
Although seabed properties and particle sinking rates are not directly measurable 
from remote sensing per se, there have been promising steps toward achieving a better 
understanding of sediment transport in estuaries using satellite data. Inherent challenges 
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associated with measuring suspended sediments from optics include unknown size, 
composition, packing geometry, density, and aggregation dynamics (Boss et al., 2018; 
Zheng and DiGiacomo, 2017).  Furthermore, large particles (> 500 µm) may have a 
considerable impact on ocean color that is not yet well understood (Davies et al., 2021). 
Some efforts have been made to model particle settling velocities using remote sensing 
data in the Arabian Sea and East China Sea, and in situ measurements of particulate 
backscatter have aided in model development (Nasiha et al., 2019). In the Chesapeake 
Bay and similar estuaries, a seabed “fluff layer” has been hypothesized to have strong, 
seasonally long-lasting effects on water clarity (Gallegos et al., 2005; Maa and Lee, 1997; 
Pempkowiak et al., 2002), potentially enhanced via bioturbation by benthic organisms 
during summer (Hines et al., 1990). In many estuaries, remote sensing can give us an idea 
of overall status, physical transport, and relationships between surface water reflectance 
and discharge to help predict sediment transport at a basic level (Hudson et al., 2017; Tao 
and Hill, 2019; Zheng et al., 2015). There is real potential for future research in coupling 
satellite remote sensing to sediment transport modeling to better understand these 
processes, and results could be especially beneficial in remote regions lacking in situ 
data. 
Particle sinking rates influence how much material reaches the seabed, where it 
may be buried, remineralized, or resuspended. Aggregation and/or flocculation of 
particles increases their size and sinking rate, enhancing transport to the seabed. Near the 
initial transition to brackish water (S ~ 1 to 2 ppt), which often coincides with the 
upstream edge of the estuarine turbidity maximum (ETM), salinity rapidly increases the 
cohesion of clay particles, favoring significantly increased flocculation relative to fresh 
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water (van Leussen, 1988). Within and below the ETM in the Chesapeake Bay and its 
sub-estuaries, flocculation is further enhanced by interlinked physical and biological 
drivers, including higher concentrations driving more frequent particle collisions and 
exo-polymeric substances (EPS) enhancing particle adhesion (Sanford et al., 2001; 
Malpezzi et al., 2013; Tarpley et al., 2019). Past work by Moriarty et al. (2021) showed 
that resuspension impacted biogeochemical cycling, yet sediment settling velocities were 
not altered to model flocculation. In Chapter 3, we implemented a ballasting 
parameterization causing modeled particles to sink at faster velocities in locations with 
high surface TSS concentrations (>18 mg L-1) to mimic the effect of concentration- 
dependent flocculation in the upper Bay (Sanford et al., 2001). With this parametrization, 
inputs of inorganic sediments from shorelines and rivers enhanced sinking rates in the 
model, especially in nearshore areas, upper reaches of tributaries, and the mainstem Bay 
ETM below the Susquehanna River mouth. Studies show that EPS-driven aggregation 
(which was not accounted for in Chapter 3) varies seasonally in the Chesapeake Bay, 
likely due to the stickiness and packaging of aggregates following seasonal peaks in 
primary production (Malpezzi et al., 2013; Sanford et al., 2001). Some evidence shows 
that shellfish produce EPS and can therefore enhance flocculation in estuaries (Li et al., 
2021). If this applies to oyster aquaculture, it could represent another avenue for oyster-
mediated recovery from eutrophication by increasing particle size in affected waters and 
increasing transport to the seabed. 
5. Drivers of decadal water clarity change in the Chesapeake Bay 
With all these connections in mind, we can look at the trends over time in water 
clarity from a holistic viewpoint. Several previous research studies (Gallegos et al., 2011; 
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Murphy et al., 2019; Testa et al., 2019; Williams et al., 2010) have shown Secchi depth 
becoming shallower over time throughout the mainstem Bay, particularly between the 
1980s and the first decade of the 20th century. However, there has been a concurrent 
slight decrease in Kd and TSS during this same period, suggesting increased light 
penetration to depth and reduced suspended particle concentration by mass (Murphy, 
2019). To date, our knowledge of Chesapeake Bay water clarity has not conclusively 
explained this incongruity. Trends appear complex upon first analysis, and thus need to 
be examined from a few different thought frameworks. Multiple physical and biological 
based paradigms based on light scattering, increased organic matter, shifts in 
phytoplankton health, and overall particle size may help explain a shallowing Secchi 
depth despite improved ecosystem conditions overall in the Bay. These multiple 
interpretations are not necessarily contradictory, but they are rooted in different 
biogeochemical and bio-optical concepts, and they have different proposed causalities. 
5.1. Increase in total light scattering 
This potential explanation attributes decadal change in Chesapeake Bay water 
clarity to an increase in the intensity of scattering produced by a given mass of suspended 
particles, i.e., greater total scattering. In general, a decrease in total light scattering with 
no change in backscattering is related to more abundant organic particles and lower 
concentrations of mineral sediments (Boss et al., 2004; Twardowski et al., 2001; 
Tzortziou et al., 2009). If this were the case in the Chesapeake Bay, total light scattering 
could increase with time even if TSS remained constant or even slightly decreased. 
Analyzing the years 1985 to 2010, Gallegos et al. (2011) proposed two potential changes 
in surface water particulate matter: (i) an increase in the organic fraction of detritus 
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and/or (ii) larger aggregates containing a higher fraction of water. In either case, the main 
cause of greater specific scattering as argued by Gallegos et al. (2011) would be a 
decrease in particle density. The potential impact of increased organic fraction was 
evidenced in certain seasonal progressions: for example, Gallegos and Jordan (2002) 
found that a dinoflagellate bloom decreased water clarity for an additional two weeks 
beyond the effect of the living cells alone due to associated organic detrital particles. 
Gallegos et al. (2005) suggested that the creation and resuspension of a biologically 
produced benthic fluff layer on the surface of the seabed may be a causal mechanism for 
very low-density particles increasing specific scattering Bay-wide. This proposed driver 
of change is associated with phytoplankton in the water column, has a seasonal lag, and 
represents a “hidden” consequence of eutrophication with an extended impact on water 
clarity throughout each summer.  
An increase in scattering by organic matter could have contrasting ramifications 
for temporal trends in remote sensing versus Secchi depth. In the long term, more detrital 
organic matter would cause a higher fraction of total light scattering to be in all 
directions, with a concurrent decrease in the backscattering ratio (defined as the ratio of 
backscattering to total scattering). Satellite-measured Rrs is most sensitive to 
backscattering, so with this change, it would be possible for there to be no change in 
backscattering or Rrs as measured by remote sensors even if total scattering increased. In 
situ, an increase in total light scattering yields a shallower Secchi depth. Secchi depth is 
inherently more sensitive to light scattering than Kd, as evidenced by the non-linear 
relationship between Kd and Secchi depth in optically complex waters (Bowers et al., 
2020; Kirk, 1994; Koenings and Edmundson, 1991). Detritus often contributes more 
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strongly to Secchi depth than Kd (Armengol et al., 2003; Effler and Peng, 2012; Hernádez 
and Gocke, 1988; Hou et al., 2007). In the long-term, with increased total light scattering 
(assuming no change in absorption), change in Kd is negligible even as visibility is 
reduced. This aligns well with the ideas of an Organic Fog Zone (section 5.2) and 
decreasing particle size (section 5.4).  
5.2 Organic Fog Zone  
According to this thought paradigm, the causal mechanism for inconsistent water 
clarity trends is the relaxed light limitation on autotrophs and subsequent secondary 
effects of increased organic matter production. This interpretation best applies to the mid-
Bay, mesohaline waters, in the deepest most pelagic central channel area, and especially 
in spring season or season of phytoplankton bloom. Over time, more light availability 
followed by more organic matter is the problem, and the increased light availability is 
paradoxically the driver of the change. Generally, this interpretation aligns with the 
“increase in total light scattering” interpretation, but additionally assigns the cause to 
increased light due to reduced inorganic particle concentration. Over time, with resulting 
lower FSS and lower Kd, formerly light-limited phytoplankton can proliferate, leading to 
higher Chl-a, more organic detritus, and shallower Secchi depth as a result of scattering 
by small organic-rich, low density particles. Chapter 3 shows that this can happen 
mechanistically, according to results of modeling experiments when sediment inputs 
were reduced. Primary producers take advantage of the greater light ability and VSS is 
increased, especially in the mid-Bay. The spatial extent of the inconsistent water clarity 
effects – deeper light penetration despite shallower Secchi depth – is termed here the 
Organic Fog Zone. In this way secondary consequences to water clarity can occur when 
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the light availability improvements and nutrient reductions are staggered in time. 
Generally, recovery from eutrophication included both decreased nutrients and increased 
light availability (Figure 3). The results of Chapter 3 show that the temporal overlap of 
those two shifts will determine the resulting change over time in various water clarity 
metrics.  
Within this framework, the future solution to water clarity degradation is an 
eventual degree of nutrient limitation that has more impact than reduced light limitation. 
While nutrients remain high, all the photons no longer blocked by sediments will go 
directly into photosynthesis, with detrimental effects on water clarity. This may have 
been happening in the 1980s to 2000s, but perhaps not most recently (see section 7), and 
perhaps not everywhere in the Bay (see section 6). Structural equation modeling by 
Lefcheck et al. (2018) supports this thought paradigm in two ways. First, they found no 
link between TSS and SAV coverage. Second, they found strong links from Chl-a to 
Secchi depth to SAV, in that order. These findings suggest that shallowing Secchi depth 
is a consequence of increased Chl-a and associated organic matter rather than vice versa, 
and they suggest that phytoplankton may be a stronger control than TSS on shallowing 
Secchi depth in some regions of the mid and lower Bay.  
5.3 Phytoplankton health  
Buchanan (2020) highlighted that in conditions with shallower Secchi depth, 
effects on phytoplankton propagate through the ecosystem. According to this thought 
framework, water cloudiness limits light for phytoplankton. Due to the altered light 
climate, phytoplankton create higher Chl-a cell pigment content. Low-light environments 
favor dinoflagellates and mixotrophs, with the organisms experiencing explosive growth 
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with any increase in light, while high-light environments favor more stable and balanced 
phytoplankton activities. This framework may well hold spatially, such as when 
comparing the mid- and lower-Bay to the ETM. In the long-term, the highest 
dinoflagellate abundance by percentage of all phytoplankton typically occurs near station 
CB3.3C (Egerton, 2013), which is located in the most turbid location in the Bay. 
Applying the phytoplankton health framework to spatial gradients, the results of 
Chapter 2 support the idea that more turbid waters can have higher Chl-a and potentially 
host different phytoplankton communities than clearer waters in the Bay. Sites in Chapter 
2 with lower light intensity (Monday Creek and Broad Bay) also had higher Chl-a, 
suggesting potentially light limited Chl-a production by cells. These same two sites also 
had longer residence times. Sites with clearer water (Windmill Point and Bland Point) 
had lower Chl-a yet still experienced substantial primary production (Chapter 2). This 
interpretation of water clarity change may apply most closely to spatial gradients and 
hydrological variability (i.e., a wet year following a dry year) rather than to decadal-scale 
change over time in recent years. 
These perspectives on phytoplankton health, along with all interpretations thus far 
(5.1, 5.2 and 5.3), align with the idea of estuaries’ non-linear recovery from 
eutrophication. Applied to the temporal trends, the phytoplankton health interpretation 
suggests that clarity conditions may deteriorate as measured by Chl-a and Secchi depth 
before conditions improve via all water clarity metrics. Conditions do not always follow a 
clear path of direct, linear improvement when recovering from eutrophication. Often 
there is a nutrient reduction threshold that must be reached, a time lag in the recovery, 
and/or shifting baselines signifying that future recovery will never fully resemble pre-
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eutrophication conditions (Boesch, 2019; Duarte, 2009; Duarte et al., 2009; Kemp et al., 
2009; Le Moal et al., 2019). While ideas about oligotrophication traditionally surround 
Chl-a and dissolved oxygen concentrations, in this chapter of the dissertation it is 
proposed that a shifting baseline may apply to Chesapeake Bay water clarity, due to 
underlying changes in particle properties. 
5.4 Decreasing particle size 
A long-term decrease in particle size in surface waters could unite all the 
interpretations of change over time discussed above. Improvements in Kd and TSS may 
be co-occurring with other widespread changes in plankton, detritus, and Secchi depth; 
however, the increased light penetration may not be driving the change in the other 
variables. Smaller cells have a different refractive index, which can alter the light 
scattering behavior of both the phytoplankton and their associated smaller detritus. 
Smaller cells could yield more total scattering in all directions, consistent with the total 
light scattering interpretation (5.1). However, a change in particle size can happen 
independent of concentration. Theoretically, at one steady TSS concentration and no 
change in particle density, smaller particles yield a shallower Secchi depth because the 
total scattering to absorption ratio will increase. Additionally, a change in particle size 
can happen independent of composition. For example, at a steady VSS:FSS ratio with no 
change in concentration, one general phytoplankton community (i.e., diatoms alone or 
dinoflagellates alone, or a mixture of types that stays constant in time) can vary widely in 
average cell size. Therefore, a decrease in particle size may co-occur with 




Possible driving mechanisms for smaller cell size include temperature-driven or 
nutrient-reduction-driven shifts toward smaller phytoplankton, and smaller associated 
detritus. In general, warmer temperatures and low nutrient concentrations are associated 
with smaller-celled phytoplankton in the world’s oceans (Finkel et al., 2010). At the land-
sea interface, large-cell blooms are more common than in the open ocean, but even in 
coastal water and estuaries the large-cell blooms will decrease as warming raises 
temperatures above their critical threshold (Cloern, 2018). In the mesohaline portion of 
the lower York River subestuary, representative of conditions in much of the mainstem 
Bay, small cells (< 20 µm) dominate in summer while large cells dominate in winter (Sin 
et al., 2000). In a Chesapeake Bay with longer summers, we would expect cell size to 
decrease over time. Furthermore, Magnuson et al. (2004) found that seasonal changes in 
mean cell size in Chesapeake Bay were associated with nutrient availability. Over time, 
the mainstem Bay is gradually becoming more nutrient-limited than light-limited (Zhang 
et al., 2021). Lastly, smaller phytoplankton cells result in smaller-sized detrital matter. 
There may also be changes in the lability of detritus from smaller and/or different 
organisms, grazers, and respiration rates. Overall, a decreasing particle size in the 
Chesapeake Bay could explain shallowing Secchi depth concurrent with improving light 
penetration, decreasing TSS, and counterintuitive trends in TSS composition. 
6. Spatial vs. temporal gradients  
Spatially, along estuary location and bottom depth are key drivers of water clarity, 
and the down-estuary gradient can resemble temporal gradients (Figure 3). Sediment 
trapping in the ETM(s), tidal fresh regions, and associated marshes and wetlands is an 
important control on long-term spatial water clarity gradients (Ensign et al., 2015) and 
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influences the capacity of estuaries to keep pace with sea level rise (Ralston and Geyer, 
2009). Susquehanna River sediment inputs, while large, are retained within 
approximately 60 km of the river mouth (Eaton et al., 1980; Toomey et al., 2019). 
Therefore, sediment loading from rivers is not closely linked to mid-to-lower Bay water 
clarity, whereas downstream nutrient limitation and the associated ramifications for water 
clarity remain closely linked to riverine nutrient loading. Resuspension of bottom 
sediments is often more closely related to estuarine water clarity than river inputs; for 
example, Moriarty et al. (2021) found that increased seabed resuspension shifted the 
effect of nutrient loading on primary production down-estuary. The spatial gradient in 
water clarity in the Bay generally agrees with the phytoplankton health interpretation of 
long-term change and is further supported by the work of Cerco and Noel (2004) 
highlighting that C:Chl-a ratio varies tightly with Kd in the mainstem. Only during 
extremely wet years do we see mineral riverine sediment influenced processes active 
downstream of the “typical” location of the ETM (e.g., defined spatially as ~39.1oN to 
39.4oN latitude in Chapter 3). Mid- and lower-Bay water clarity are instead more strongly 
influenced by phytoplankton production. This is seen in the causal relationships derived 
from structural equation modeling between Chl-a, Secchi, and SAV in Lefcheck et al. 
(2018) and in the strong relationships between Secchi depth and Chl-a in the mid-Bay 
and Secchi depth and TSS:Chl-a ratio in the lower Bay (Testa et al., 2019).  
Potentially, there has been an up-estuary shift over the past several decades in 
both the southernmost extent of the ETM and the adjacent location of maximum 
phytoplankton production. For example, a nutrient limitation study by Zhang et al. (2021) 
shows that light limitation on phytoplankton has shifted up-estuary and shortened in 
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temporal extent since the early 1990s. Following that change, there has likely been a 
subsequent up-estuary shift over time in the location of highest primary production. This 
region could be identified as the Estuarine Phytoplankton Maximum (EPM), a term used 
to describe algal bloom dynamics with varying physical driving mechanisms in estuaries 
(Qin, 2019). CBP observations demonstrate increasing trends in Chl-a in the upper- and 
mid-Bay over time, and this finding is supported by past work (Harding et al., 2016; 
Williams et al., 2010).  
The magnitude of the three largest physically-dominated sources of particles to 
the water column and their associated impacts on water clarity – resuspension, rivers, and 
shorelines – all depend on location. Human alterations will likely impact rivers and 
shorelines most directly, however, resuspension will also likely respond – albeit as a 
secondary impact. In estuarine sediment dynamics it is well-recognized that enhanced 
(reduced) bed erodibility occurs in response to enhanced (reduced) supply of fine 
sediment (Burchard et al., 2018; Dickhudt et al., 2009; Ralston and Geyer, 2009). The 
resulting changes in resuspension and surface water TSS concentration can be extremely 
important to water clarity: in sensitivity tests presented in the appendix to Chapter 3, the 
effect of shoreline erosion alone with no corresponding change in seabed erodibility was 
an order of magnitude lower (i.e., 1 cm vs. 10 cm change in Secchi depth) than the 
combined effect of shorelines and seabed change. On the one hand, these results suggest 
that at the local scale, biologically-mediated seabed stabilization is critical to further 
improving water clarity in the Bay. Stabilizing impacts of SAV, oyster reefs, and benthic 
microalgae help to reduce resuspension. However, at the estuary scale, estuarine 
circulation leads to continued resuspension and maintenance of ETMs that will endure as 
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identifiable spatial features in the Chesapeake Bay in the long term (Currey, 2007). In a 
shallow, muddy estuary with tidal currents and variable winds, resuspension will persist 
as a physical part of the system, amplifying the effects of either increased or reduced 
particle loading. Considering that phytoplankton and associated detritus are also central 
drivers of decadal water clarity change, especially in the mainstem mid- to lower-Bay, 
the upstream watershed remains the central focus of management efforts, and the clarity 
problem can continue to be addressed with nutrient reductions and decreased organic 
matter production (Figure 3). 
7. Recent years suggest widespread water clarity improvement 
The past 15 years show more consistent, improving trends in water clarity, which 
puts the above thought paradigms in a more past-oriented context and aligns well with 
observed improvements in SAV. Many interpretations of temporal change are based on 
interdecadal 1985-present trends, but recent years (especially the mid 2000s to mid 
2010s) show improving water clarity in terms of multiple metrics. In the context of other 
thought paradigms, the Organic Fog Zone interpretation may involve reduced shoreline 
erosion (Chapter 3) or reduction in riverine sediments. Assigning relaxed light limitation 
as the causal factor is just one explanation for what has happened over the past 30 years, 
and it doesn’t necessarily apply as well past the mid-2000s. Recent findings show that 
flow-normalized Secchi depth has improved since 2010, matching trends in flow-
normalized TSS and Kd (CBP, 2021). The contrast in directly observed (non-flow 
normalized) Secchi depth, degrading from 1985 to 2005 and improving from 2005 to 
2017 (Murphy et al., 2019), is especially dramatic. Satellite Rrs band ratios computed 
over 2003-2020 support this idea, generally showing improvements in red-to-blue and 
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red-to-green ratios which are related to Kd and TSS (Chapter 4). Although the most 
dramatic improvements from 2005 to 2017 are likely to have been amplified by an 
extended stretch of relatively dry years, we nonetheless may be reaching a threshold 
beyond which recovery in terms of multiple water clarity metrics will be more consistent 
(Figure 3).  
In all regions of the Bay except the polyhaline (where temperature stress has 
reduced eel grass), SAV acreage increased from the mid-1990s through 2017 (Orth et al., 
2017). This suggests that it is important to focus on positive results in addition to 
analyzing possible causes of improved water clarity. Coverage of SAV is used as a metric 
for water clarity because it much more likely to flourish under clear-water conditions. 
This measurable, tangible result suggests a general improvement in Kd regardless of 
complex temporal trends in the other metrics (Chl-a, TSS, Rrs, VSS, FSS, and Secchi 
depth). Additionally, SAV stabilizes the seabed, which is extremely important for 
maintaining improved conditions because resuspension is such a critical control on clarity 
(Moore, 2004). While trends in other metrics show counterintuitive directions of change, 
as long as Kd continues to improve (and other stressors such as higher temperatures and 
rising sea levels do not critically counteract enhanced clarity), SAV coverage will likely 
continue to increase and possibly create a positive feedback loop for future water clarity 
improvements. 
8. Directions for future work  
The multi-metric nature of water clarity needs to be more fully appreciated and 
more thoroughly incorporated into future research efforts. Researchers and managers 
would benefit from careful selection of a water clarity metric based on the specific 
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application or research question involved (Table 2) and when possible, apply more than 
one metric. If only one metric can be used for long-term deployments or ship sampling 
due to logistics or cost, it is recommended to perform a laboratory or short-term field 
calibration between multiple metrics for the location of interest. For example, many 
studies calibrate acoustic instruments with TSS to estimate mass concentrations 
(Cartwright et al., 2013). Others calibrate turbidity sensors deployed in the field with TSS 
to estimate mass concentrations for marsh studies (Coleman and Kirwan, 2019). 
However, a calibration performed during one year, one season, or one tidal stage, or one 
region may not apply to the entire dataset that a researcher wishes to study, especially if 
some of the data are from another location. Ideally a research project should use a 
representative variety of conditions for calibration, so that the variability over the 
targeted dataset is captured in the associated water clarity metric-to-metric calibration 
curve. 
There is great need to improve sediment budgets, including sediment loading 
from diffuse sources and connections between sediment loading changes and seabed 
behavior at the estuary scale. As shoreline stabilization practices (including construction 
of living shorelines) become more and more widespread, we need to better quantify the 
actual sediment load prevented from entering the Bay (Wendt, 2018). Future work is also 
needed to better characterize the effect of the Conowingo dam infilling on sediment 
loading to the Bay (Palinkas et al., 2019; Palinkas and Russ, 2019; Russ and Palinkas, 
2020) and potential associated seabed erodibility changes. Furthermore, estimating the 
contribution to inorganic sediment loading from fixed solids produced biogenically by 
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phytoplankton (Biggs, 1970; Whyte, 1987) would improve our understanding of water 
clarity dynamics.  
Another important area for future work is improved formulation for time-varying 
seabed erodibility in models. Both Moriarty et al. (2021) and Chapter 3 of this 
dissertation showed that Chesapeake Bay biogeochemistry is highly sensitive to 
resuspension. Particularly, in Chapter 3, modeled water clarity was an order of magnitude 
more sensitive to a change in critical shear stress than to a change in shoreline sediment 
inputs alone. While Moriarty et al. (2021) and Chapter 3 show that sediment availability 
can change the modeled biogeochemistry, modeling techniques for sediment have not yet 
achieved reliability, especially applied at the estuary-scale and/or over longer timescales 
(>1 month or so). Further, characterizing interactions between mineral sediment and 
biogenic detrital particles will be important for future modeling work. Seasonally, spring 
and summer experience a biologically-produced fluff layer at the sediment-water 
interface, which can be easily resuspended to impact surface water clarity (Gallegos et 
al., 2005; Maa and Lee, 1997; Pempkowiak et al., 2002). Seabed consolidation, armoring, 
and bioturbation processes (i.e., Sanford, 2008) may be needed in models to adequately 
represent these effects. 
Synergy is needed between the many available data sources and types via 
interagency collaborations. Chesapeake Bay is data-rich but data sources are somewhat 
dispersed, and communication between observationalists, modelers, and remote sensing 
experts could be improved. The Bay is one of the most data-rich estuaries in the world, 
with data sources including CBIBS buoys, Eyes on the Bay, VECOS, the EPA/VA-
DEQ/MD-DNR long-term monitoring program, CBNERR-VA and CBNERR-MD, plus 
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Chesapeake Bay locations in the SeaBASS database from NASA field campaigns. 
Additionally, a shoreline studies database and SAV mapping database are continuously 
updated through VIMS (Hardaway et al., 2017; Orth et al. 2017). While synthesis of 
observations has progressed (Lefcheck et al., 2018; Patrick et al., 2016) and aggregation 
of datasets with numerical model output has been improved, e.g., MARACOOS 
OceansMap (MARACOOS, 2021), more inter-database fusion is needed including 
numerical modeling products and remote sensing data.  
Future work is needed to inform regional management actions. Multiple processes 
explored in this dissertation (Figure 1), including river inputs, shorelines, and oysters, are 
relevant to best management practices in the region’s Total Maximum Daily Load 
pollution diet. Best management practices in the watershed include riparian buffers and 
cover crops in winter (Thieme et al., 2020), and experts are looking for ways to improve 
watershed BMPs’ effectiveness (cost and ecological) in the future (Talberth et al., 2015). 
Shoreline erosion reduction is currently a best management practice (Sediment 
Workgroup, 2006), but shoreline sediments are relatively low in labile nitrogen content 
due to the refractory nature of the organic matter in the sediments (Johnson et al., 2018). 
Although the upstream watershed is targeted as the focus of reductions in nutrient 
loading, a large proportion of nutrient run-off entering the Bay is delivered via diffuse 
coastal plains streams and groundwater inputs. Oyster aquaculture is being implemented 
as a measure to mitigate eutrophication in multiple locations along the U.S. east coast 
(Parker and Bricker 2020; Dvarskas et al., 2020; Mykoniatis and Ready 2020). However, 
due to the relatively small magnitude of oyster impacts on water clarity (Chapter 2), 
oyster aquaculture should complement, not replace, land-use BMPs (Bricker et al., 2014). 
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Sediment reduction should be considered as a goal that complements nutrient reductions 
for the Bay and improves local water clarity in streams and upland watersheds near where 
the best management practices are being implemented. 
9. Conclusions 
Water clarity in the Chesapeake Bay can be assessed by multiple metrics 
characterized by varying spatial and temporal scales, and the tools to study clarity and the 
influencing factors investigated here are highly intertwined. Local scale processes such as 
oyster aquaculture may have only minimal influence on clarity (Chapter 2) but can be 
useful for combatting eutrophication and improving water clarity in the long term. 
Shoreline erosion is an important driver of water clarity in the lower Bay and when river 
discharge is low, and seabed erodibility has a large influence on clarity via resuspension 
(Chapter 3). Changes in Secchi depth, Kd, and the composition of TSS are 
counterintuitive, showing that the long-term shift in water clarity is probably more 
complicated than particle concentration and composition alone can explain. To make 
sense of the contradictory trends in multiple water clarity metrics, we have to look at the 
system from many different viewpoints and evaluate separate interpretations that have 
been developed. Counterintuitive trends may be explained by thought paradigms citing 
various different, but not mutually exclusive, causal mechanisms. Some of those 
explanations may only apply to the trends documented from the 1980s to ~2005. More 
recent years ~2010 to 2020 show more consistently improving water clarity. According 
to in situ observations, TSS and Kd have improved, and trends in satellite Rrs band ratios 
available since 2003 support this finding (Chapter 4). Future work should assess multiple 
metrics of water clarity, include a full sediment budget quantification, and expand 
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monitoring and research collaborations, in an effort to further improve regional 
environmental management policies. 
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Table 1. Water clarity metrics estimated from numerical modeling and satellite remote 
sensing. 
Variable How modeled in Chapter 3 How estimated from satellite 
remote sensing, described in 
Chapter 4 
CDOM Salinity used as proxy for 





Mechanistically, Redfield ratio 
and C:Chl-a ratio, data 
assimilation from SeaWiFS at 
surface (not directly used in 
Chapter 3) 
Green-to-blue ratio, red-to-green 
ratio, fluorescence line height, or 
NIR-to-red ratio 
TSS Sediments + plankton + 
detritus, mechanistically, 
Redfield ratio and C:DW ratio 
Red-band reflectance, red-to-blue 
ratio via empirical relationship with 
Kd(490), near-infrared in highly 
turbid waters 
FSS Sediments + VSS ash content, 
mechanistically from seabed 
resuspension and river inputs 
* 
† 
VSS Plankton + detritus, 
mechanistically, Redfield ratio 






Turbidity * Red-band reflectance 
Secchi depth Empirically, function of Kd 
and VSS 
Attenuation of the wavelength that is 
the brightest, “transparent window” 
Kd Empirically, function of TSS 
and salinity 
Kd(490) relative to blue light 
attenuation, green-to-blue in open 
ocean and red-to-blue in coastal 
waters. 
Rrs * Water Rrs is ~10% of top-of-
atmosphere Rrs directly measured by 
satellite, estimated via atmospheric 
correction, validated in situ 
* Future work. 
† PIC is estimated for the open ocean (Balch et al., 2005). 





Table 2. Usefulness of water clarity metrics for different applications in estuaries 
Variable Similar metrics Recommended applications 
CDOM  Dissolved substances from rivers or produced by 





Primary production, phytoplankton, harmful algal 
blooms 
TSS TSM, SPM, SSC Marsh accretion, sediment seabed modeling, mass 
transport of sediment material 
FSS ISS, MSS, PIM Same uses as TSS, but know that this contains 
phytoplankton or other organic matter ash too, not 
just minerals. 
VSS POM, OSS Carbon budgets with known C:DW ratio (e.g., 
VSS = 2.9*C) 






Long-term deployments and/or repeat sampling 
campaigns using transmissometer instruments 
Secchi depth Transparency, 
visibility 
Visibility, transparency, property values, 
recreation, fish predation on mesopredators and 
related behavioral changes, citizen science and 
community engagement (Bernie Fowler) 
Kd Kd-1, PLW Seagrass, phytoplankton, benthic micro-algae, P-I 
curves, modeling photosynthesis 
Rrs Surface 
reflectance 
High spatial resolution needs at one time on a 
cloud free day, high temporal resolution needs for 
a short time period when no in situ obs are 
available, when you want to include windy times, 













Figure 1. Conceptual framework of this dissertation’s investigation of water clarity in the 
Chesapeake Bay, illustrating the tools used (yellow circles) and the processes studied 















Figure 3. Conceptual diagram of the general temporal gradient in Chesapeake Bay water 
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